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Abstract: UV/persulfate (UV/PS) is considered an effective process for the 18 

degradation of emerging micropollutants in aquatic media. However, under the 19 

influence of complex water matrices such as wastewaters, radicals created during 20 

UV/PS will be reduced and transformed, so the chemical process of effectively 21 

obtaining the radicals in the system is very important to improving degradation 22 

efficiency. Thus, in the study, neotame (NEO, an artificial sweetener), as an emerging 23 

contaminant, was selected as the target compound to investigate in terms of its 24 

degradation and the role of free radicals in a range of water matrices during the UV/PS 25 

process. Based on the low concentration probe method (probe concentration ≤ 0.2 μm, 26 

more than 3-fold improvement in radical detection accuracy), kinetic modeling was 27 

developed to determine the role of primary (•OH and SO4•−) and secondary (e.g. Cl•, 28 

Cl2
−•, CO3•−, and NO2•) radicals. Results indicated that UV/PS was effective in 29 

decomposing NEO (>93.7%) within 7 min and was mainly attributed to •OH and SO4•−. 30 

Acidic environments promote NEO degradation with a greater contribution from SO4•−. 31 

Natural organic matter inhibited NEO degradation by quenching radicals (especially 32 

•OH). The kobs of NEO degradation in the presence of Cl− remained almost unchanged 33 

due to the production of Cl• and Cl2
−• compensating the depletion of SO4•−. The 34 

presence of HCO3
− quenched a part of primary radicals, which led to a decrease in kobs 35 

of NEO degradation, but CO3•− began to play a partial degradation role. In the presence 36 

of NO3
−, UV-activated production of •OH and NO2• promoted NEO degradation. Based 37 

on 39 transformation products obtained, 3 degradation pathways and 7 radical attack 38 

ways were proposed for NEO degradation by primary and secondary radicals in the 39 



UV/PS system. This study provides meaningful insight into the role of primary and 40 

secondary radicals in NEO degradation using UV/PS systems. 41 

Keywords: UV/persulfate; Secondary radicals; Artificial sweetener; Kinetics; 42 

Transformation products 43 

 44 

1. Introduction 45 

Artificial sweeteners (ASs) are used as sugar substitutes in a variety of foods, 46 

beverages, medications and animal feed [1,2]. However, the World Health Organization 47 

(WHO) has recently issued new guidelines noting that ASs not only have no long-term 48 

benefits for weight loss, but may also have potentially adverse effects, classifying them 49 

as possible carcinogens (IARC Group 2B) [3]. In addition, artificial sweeteners have 50 

recently been recognized as high-priority emerging contaminants due to their high 51 

frequency of detection and high concentrations in various environments [4]. Among the 52 

widely used ASs, neotame (NEO) is a second-generation AS synthesized via aspartame 53 

and 3,3-dimethylbutyraldehyde [5]. Compared to first-generation ASs (including 54 

acesulfame, sucralose, and aspartame), NEO provides higher sweetness (21–65 times), 55 

lower production costs, and greater stability [6]. Due to these commercial advantages, 56 

its use in many types of sugar substitution products is becoming more widespread [7]. 57 

Similar to first generation ASs, its impact on the environment and human health has 58 

attracted widespread attention [8,9]. For example, NEO has been detected at 59 

concentrations of 0.007–0.17 μg/L and 0.008–0.49 μg/L in aqueous environments and 60 

wastewaters, respectively [10-13]. Relatively high concentrations of NEO have also 61 



been detected in sewage sludge and suspended particulate matter at 2–4 ng/g and 20–62 

51 ng/g, respectively [2,14]. Sustained exposure to NEO has been reported to alter the 63 

abundance of gut microbiome, decreasing α-diversity, and modifying metabolic 64 

patterns [15,16]. NEO exposure also leads to apoptosis and death of intestinal epithelial 65 

cells, and can cause barrier disruption and increased monolayer leak [17]. In addition, 66 

NEO interferes with enzymes involved in lipogenesis and catabolism and affects 67 

neuromodulation of lipid metabolism [18]. Our recent study showed NEO is difficult 68 

to remove using traditional wastewater treatment processes (such as flocculation, 69 

sedimentation, and biological treatment) in sewage treatment plants (STPs), which 70 

results in continuous emission into receiving waterbodies along with treated effluent, 71 

thus posing a potential long-term threat to aquatic ecosystems [14]. More importantly, 72 

research on effective degradation and contamination control processes for NEO 73 

remains a critical knowledge gap. There is therefore an urgent need to devise efficient 74 

treatment methods to supplement or replace traditional processes in STPs for improved 75 

degradation of NEO in wastewater. 76 

In recent decades, advanced oxidation processes (AOPs) based on the production of 77 

hydroxyl radicals (•OH) and sulfate radicals (SO4•−) have been shown to be highly 78 

efficient methods for removing recalcitrant organic pollutants in wastewater [19-22]. 79 

Amongst AOPs, SO4•− based oxidation has received the most attention. Compared with 80 

•OH, SO4•− is particularly effective at reacting with organic compounds, and this has 81 

been attributed to its higher redox potential (2.5−3.1 V) and longer half-life (30−40 μs) 82 

[23]. SO4•− can be generated by activation of persulfate (PS) through ultraviolet (UV) 83 



irradiation [24], electricity [25], transition metals [26] and carbon materials [27]. 84 

Amongst these methods, UV (<300 nm) activation of PS is the most favorable since it 85 

activates PS more effectively (evidenced by a molar absorption coefficient of 16.6 M−1 86 

cm−1), and may be integrated into current wastewater flowsheets without necessitating 87 

additional chemicals and dosage systems [22,23]. Moreover, UV/PS has been 88 

successfully applied to degradation of recalcitrant organic pollutants in wastewater, 89 

such as estrogens [28], pesticides [29], and anti-inflammatory drugs [30]. However, to 90 

date, limited information is available regarding the role of UV/PS in AS degradation, 91 

particularly concerning new ASs like NEO in wastewater. 92 

Generally, •OH and SO4•− contribute to the degradation of organic pollutants in 93 

aquatic media in UV/PS systems [31]. However, in wastewaters, degradation efficiency 94 

of organic pollutants using UV/PS may be affected by water matrix components such 95 

as pH, natural organic matter (NOM) and some anions [30]. For example, pH 96 

significantly affects free radical composition in UV/PS systems, and subsequently the 97 

transformation pathways of organic pollutants. In the case of quaternary amine 98 

compound degradation using UV/PS/Cu2+, acidic conditions were found to enhance 99 

pollutant degradation, whereas alkaline conditions had an inhibitory effect [32]. 100 

Detailed investigations revealed a substantial increase (8- to 26-fold) in •OH 101 

contribution under alkaline conditions, whereas SO4•− played a more dominant role 102 

(1.1- to 1.2-fold increase) in acidic environments [32]. NOM and inorganic anions 103 

diminish UV flux within the system and quench some radicals, thereby impeding 104 

organic pollutant degradation [33]. In addition, •OH and SO4•− in UV/PS systems can 105 



be converted to secondary radicals (e.g., Cl•, Cl2
−•, CO3•−, and NO2•) by reacting with 106 

inorganic anions including Cl−, HCO3
− and NO3

− [34-36]. These secondary radicals 107 

usually have high oxidation potentials (e.g., 2.50 V, 2.20 V, and 1.60 V for Cl•, Cl2
−•, 108 

and CO3•−, respectively), which may significantly contribute to the degradation of 109 

organic pollutants [37]. Despite acknowledging the significant role of secondary 110 

radicals, there remains a shortage of detection tools to measure secondary radical 111 

concentrations during UV/PS treatments. Chemical probes are widely used to 112 

determine the concentration of radicals in photochemical-AOPs, however the probe 113 

method suffers from two drawbacks in most studies. First, the chemical processes of 114 

radicals in the system are drastically changed due to high probe concentrations [38]. 115 

Second, there is a lack of research on multiprobe coupling and detection, which has led 116 

to applications only in primary radical quantification [39]. Therefore, there is a need to 117 

develop a low concentration coupled probe method to simultaneously monitor primary 118 

and secondary radical concentrations, and to assess the specific role of secondary 119 

radicals in UV/PS for NEO degradation. 120 

Although UV/PS is capable of removing a wide range of organic pollutants, it is 121 

difficult to fully mineralize them, thus generating a wide range of transformation 122 

products (TPs) [40,41]. TPs have greater polarity due to higher oxidation, such that they 123 

are more persistent and mobile in soil and water environments and thus may accumulate 124 

[42]. The wide distribution of TPs raises concerns about safety. For example, it has been 125 

shown that photo-induced degradation of Acesulfame results in TPs up to 500 times 126 

more toxic than the parent compound [43]. Therefore, there is a need to further 127 



characterize the occurrence and toxicity of relevant TPs of NEO. In addition, multiple 128 

radicals in the system have different propensities to attack functional groups, and thus 129 

may play diverse roles in the induction and toxicity changes of TPs [44]. For example, 130 

during the degradation of gemfibrozil using UV/PS/Cl−, it was found that •OH 131 

hydroxylates the benzene ring, and the occurrence of phenolic functional groups may 132 

lead to increased toxicity [45]. In contrast, SO4•− breaks the ether bond of gemfibrozil 133 

and possibly aids in the removal of toxic groups [45]. Consequently, the degradation 134 

process does not necessarily reduce the toxicity of the solution, so it is necessary to 135 

evaluate the different radical-induced TPs and evaluate the toxicity of the resulting 136 

solution. 137 

Thus, the objectives of this study were: (1) to investigate the performance and 138 

degradation kinetics of UV/PS for NEO degradation in the aquatic environment; (2) to 139 

construct a low concentration coupled probe model in UV/PS for investigating the 140 

concentration and role of primary and secondary radicals under actual matrix conditions 141 

(including pH, natural organic matter, and inorganic anions); (3) to identify possible 142 

generated TPs and degradation pathways of NEO by high-resolution mass spectrometry 143 

and density functional theory (DFT); and (4) to evaluate the toxicity risk of TPs in the 144 

system through Vibrio fischeri acute toxicity testing and computational toxicology. The 145 

results can provide helpful information for applicability and mechanistic understanding 146 

of AS degradation by UV/PS in real contaminated water. 147 

 148 

2. Materials and methods 149 



2.1 Chemicals 150 

All chemicals used in experiments were at least analytical grade, as described in Text 151 

S1 of the Supporting Information (SI). A Milli-Q purification system (Millipore Co., 152 

France) was used to prepare deionized water to configure all solutions. 153 

2.2 Experimental procedures 154 

The experimental setup for photochemistry is depicted in Fig. S1. A low-pressure 155 

mercury lamp (10 W, 254 nm) with an electronic ballast was positioned at the center of 156 

the reactor, providing an irradiation intensity of 18.5 W/m². The experiment involved 157 

adding NEO (5 μM) and phosphate buffer (2 mM) to a 50 ml quartz tube reactor. UV 158 

irradiation initiated the reaction after introducing 50 μM PS. Magnetic stirring ensured 159 

proper mixing of the solution during degradation, and a water circulation cooling 160 

system keeping solution temperature at 25 ± 0.2℃. Na2S2O3 solution was pre-added to 161 

2 mL samples and used as a quencher. At predetermined intervals, 1 mL sample solution 162 

was transferred into a sample bottle. The change of pH of the solution before and after 163 

the experiment was less than 0.2. 164 

Depending on experimental design, the pH value was adjusted within the range 6 - 165 

8. Additionally, specific concentrations of humic acid (HA; used as a model compound 166 

for natural organic matter, at 1 and 5 mg C/L), Cl− (at 1 and 5 mM), HCO3
− (at 1 and 5 167 

mM), and NO3
− (at 1 and 5 mM) were introduced into the system for kinetic analysis. 168 

HClO4 and NaOH were used to adjust the initial pH of the reaction solution. The 169 

presence of HClO4 does not affect the removal of NEO (Fig. S2). 170 

Radical identification was performed by quenching experiments (tert-butanol and 171 



methanol) and electron paramagnetic resonance (EPR) experiments, which showed that 172 

the primary radicals were •OH and SO4•− (Text S14 for related identification analysis) 173 

[32]. Then, low concentration probe models were constructed by adding probes in pure 174 

water or water matrix systems. Bezafibrate (BZF) and p-chlorobenzoic acid (pCBA) 175 

were used as probe compounds added simultaneously to the UV/PS system to determine 176 

the concentrations of •OH and SO4•−. The impact of probe concentration on radicals 177 

was explored by varying the amount of probe added (0.05−2.0 μM), and then the 178 

optimum probe concentration (0.1 μM) was determined. In the UV/PS/Cl− system, 0.1 179 

μM pCBA, 0.1μM BZF, 0.1μM 2,4,6-trimethylbenzoic acid (TMBA), and 0.2 μM 180 

naproxen (NPX) were added simultaneously as probe compounds for •OH, SO4•−, Cl•, 181 

and Cl2
−•. For the UV/PS/HCO3

− system, 0.1 μM BZF, 0.1 μM TMBA, and 0.2 μM 182 

NPX were added simultaneously as probe compounds for •OH, SO4•−, and CO3•−. In 183 

the UV/PS/NO3
− system, 0.1 μM aniline (AN), sulfamethoxazole (SMX), and 184 

trimethoprim (TMP) were used as probes for •OH, SO4•−, and NO2•. The concentration 185 

of primary and secondary radicals in the different systems was confirmed by monitoring 186 

the degradation rate constants of the probes in each system. Additionally, NEO 187 

degradation was examined in various actual waters: deionized water (DW, used as a 188 

control), river water (RW), and secondary sedimentation tank effluent from a sewage 189 

treatment plant (STPW). 190 

To identify transformation products (TPs) of NEO, higher concentrations were used 191 

in the UV/PS system; specifically 50 μM NEO and 500 μM PS. Comparison of TPs 192 

under UV/PS, UV/H2O2/Cl−, UV/H2O2/HCO3
−, and UV/H2O2/NO3

− with those under 193 



the UV/H2O2 system was used to determine the proprietary TPs for SO4•−, Cl•, CO3•−, 194 

and NO2•. Acute and chronic toxicity of detected TPs to three ecologically significant 195 

aquatic organisms (green algae, daphnia, and fish) was calculated using ECOSAR v2.2 196 

software. In addition, Vibrio fischeri was used as a model microorganism and mixed 197 

with reacted UV/PS solution (degradation of 5μM NEO by 50μM PS) to determine the 198 

acute toxicity intensity of samples (see Text S2 for specific toxicity tests). All kinetic 199 

experiments were repeated in triplicate. 200 

2.3 Analytical methods 201 

The concentrations of NEO and probe compounds were analyzed concurrently using 202 

high-performance liquid chromatography coupled with tandem quadrupole mass 203 

spectrometry (HPLC-tqMS, Agilent Technologies Co., USA). The analysis was 204 

performed in either ESI negative or positive mode with a single injection volume of 10 205 

μL. The instrument featured a C-18 column (2.1 × 100 mm, 1.8 µm, Agilent, ZORBAX 206 

Eclipse Plus C18, USA). Chromatographic separation of the various substances was 207 

achieved using gradient elution of methanol and 0.1% formic acid over 8 minutes at a 208 

flow rate of 0.4 mL/min. Detailed information on the organic compound assays is 209 

provided in Table S1. 210 

TPs of NEO were analyzed using an UltiMate 3000 HPLC (Thermo Fisher, Waltham, 211 

USA) coupled to tandem orbital ion trap high-resolution mass spectrometry (Orbitrap 212 

HRMS, Thermo Fisher Scientific Co., USA) and an electrospray ion source (ESI). The 213 

instrument used was equipped with the same C-18 column as the HPLC-tqMS, and 214 

chromatographic separation was conducted at a flow rate of 0.4 mL/min with a gradient 215 



elution time of 23 minutes. The single injection volume was 10 μL, and the instrument 216 

scanned in the range of 50−1000 m/z in ESI positive mode. Additional details of the 217 

various analytical instruments and their corresponding methods can be found in Text 218 

S3. 219 

2.4 Kinetic model 220 

According to the results of radical identification and the literatures, •OH and SO4•− 221 

are the main radicals in UV/PS activated systems [46]. Based on the assumption of 222 

steady-state concentration, the simplified kinetic model for NEO degradation by UV/PS 223 

can therefore be expressed as follows: 224 

4
• 4SO , NENEO UV, NEO OH, NEO ss ssO

• = + [ ] + [ • ]SOk k k OH k
−

-•  (1) 225 

where kNEO is the apparent pseudo-first-order rate constant (min–1) for the 226 

degradation of NEO in UV/PS expressed using the Langmuir-Hinshelwood kinetic 227 

model (see Eq. (2) for the model); kUV, NEO is the apparent pseudo-first-order rate 228 

constant for the degradation of NEO under direct UV irradiation (min–1), which is a low 229 

and negligible value; k•OH, NEO and kSO4•−, NEO are the second-order rate constants for 230 

NEO reaction with •OH and SO4•− (M–1 s–1); and [•OH]ss and [SO4•−]ss are the steady-231 

state concentrations of •OH and SO4•− (M). 232 

 0

NEO obs

ln /
t

d C C
k k

dt
= =    (2) 233 

C0 and Ct are the initial and remaining NEO concentrations. R•OH and RSO4•− represent 234 

the percentage contributions of •OH and SO4•− (%), which are calculated using Eqs. 235 

(3)−(4). 236 
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In previous studies, the degradation kinetics were detected by liquid chromatography 239 

(LC) using two probes, usually nitrobenzene (NB) and p-chlorobenzoic acid (pCBA) 240 

to calculate [•OH]ss and [SO4•−]ss, respectively [47]. However, the addition of higher 241 

concentration probes inevitably competes with target pollutants for free radicals, which 242 

reduces availability and thus affects overall results accuracy. On the other hand, the 243 

relatively low sensitivity and high detection limit of LC makes it impossible to reduce 244 

probe concentrations.  245 

In all four systems of this study (UV/PS, UV/PS/Cl−, UV/PS/HCO3
−, and 246 

UV/PS/NO3
−), low concentration probes were used and LC-tqMS with very low 247 

detection limits was utilised to detect probe concentrations and minimize competing 248 

effects on the system. These more stringent criteria for probe concentrations are 249 

favorable for improving the accuracy of the evaluation of radical concentrations and 250 

relative contributions. 251 

In the UV/PS system, 0.1 μM of pCBA and BZF were used as probes. Probe selection 252 

conditions were: (1) the second-order rate constants of the probes and radicals were as 253 

similar as to those of NEO; (2) the probes were highly ionized in the mass spectra; and 254 

(3) the second-order rate constants were measured under stringent conditions. In 255 

addition, the correction for the second-order rate constant of the probe was performed 256 

using a competitive kinetics approach (see Text S4–S9 for details of the determination). 257 



Subsequently, [•OH]ss and [SO4•−]ss were calculated by solving the probe kinetic model, 258 

Eqs. (5)−(6): 259 

4
•pCBA UV, pCBA OH, pCBA ss sspCBA 4SO , 

 = + [ ] + [• ]•SOk k k OH k
−

-•  (5) 260 

4
BZF UV, BZF OH, BZF ss ssBZ• , F 4SO

• = + [ ] + [ • ]SOk k k OH k
−

-•  (6) 261 

where kpCBA and kBZF are the kobs for degradation of pCBA and BZF during UV/PS 262 

(min–1); kUV, pCBA and kUV, BZF are the kobs for the degradation of pCBA and BZF under 263 

direct UV irradiation (min–1); k•OH, pCBA and k•OH, BZF are the second-order rate constants 264 

for the reaction of pCBA and BZF with •OH (M–1 s–1); and kSO4•−, pCBA and kSO4•−, BZF are 265 

the second-order rate constants for the reactions of pCBA and BZF with SO4•− (M–1 s–266 

1). 267 

In the UV/PS/Cl− system, radicals that mainly play a role in degrading pollutants 268 

include •OH, SO4•−, Cl•, and Cl2
−• [48]. Based on our previous study [49] and recent 269 

advances in probe-based methods [48], we selected 0.1 μM pCBA, BZF, TMBA, and 270 

0.2 μM NPX as probes and constructed kinetic models to calculate the concentration of 271 

radicals in the system (see Text S10 for specific models and calculation details). 272 

Similarly, the concentrations of primary and secondary radicals in the UV/PS/HCO3
− 273 

and the UV/PS/NO3
− systems were modeled by similar probe-based kinetic models, and 274 

the computational details are shown in Text S11 and S12, respectively. The second-275 

order rate constants of all probes and NEO with radicals are summarized in Table S2.  276 

It should be noted that the concentration of probe NPX (0.2 μM) was higher than the 277 

other probes (0.1 μM) due to the fact that both primary and secondary radicals have 278 

higher second-order rate constants with NPX, making it difficult to capture accurate 279 



kinetic profiles at lower concentrations. 280 

2.5 Theoretical calculation methods 281 

Quantum chemical calculations were performed in the same way as in our previous 282 

study [49], using Gaussian 16 A.03 and Multiwfn 3.8 [50]. The condensed Fukui 283 

function (CFF), the highest occupied molecular orbital (HOMO), and the lowest 284 

unoccupied molecular orbital (LUMO) were analyzed using density flooding theory 285 

(DFT). Detailed information on the calculations is given in Text S13.  286 

2.6 Statistical analysis 287 

Spearman's correlation analysis and one-way analysis of variance (ANOVA) were 288 

conducted using IBM SPSS version 19.0. All plots were generated using Origin 2022 289 

software. 290 
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Fig. 1. (a) Degradation of NEO with sole PS in dark conditions, UV irradiation and 293 

UV/PS (Inset: the value of kobs under different conditions); (b) linear relationships 294 

between the probe (pCBA and BZF) concentrations and determined steady-state 295 



concentrations of •OH and SO4•− in the UV/PS system. Conditions: [PS]= 50 µM, 296 

[NEO]= 5 µM, pH=7. 297 

 298 

3. Results and discussion 299 

3.1. Degradation kinetics of NEO in pure water 300 

The degradation of NEO was assessed using PS, direct UV, and the UV/PS system. 301 

As depicted in Fig. 1, the removal of NEO with PS or UV alone was negligible over 7 302 

min. However, the UV/PS system exhibited rapid degradation of NEO, with nearly 93.7% 303 

of NEO decomposed within 7 min. The degradation process in the UV/PS system 304 

followed pseudo-first-order kinetics, with kobs of 0.393 min⁻¹ and R2 value of 0.998. In 305 

addition, in order to assess the mineralization of the UV/PS system for the pollutants, 306 

the removal of TOC during degradation was tested. The results showed that the removal 307 

efficiency of TOC was lower than the degradation of NEO, but was able to remove 53.9% 308 

of TOC in 30 min (Fig. S3). Although complete mineralization of contaminants is very 309 

difficult, the UV/PS system achieved an acceptable level of mineralization capacity for 310 

NEO. The UV/PS system achieved a relatively high level of mineralization compared 311 

to other UV-AOPs [51,52]. 312 

The rapid degradation of NEO by UV/PS has been attributed to the involvement of 313 

highly reactive oxidizing radicals in this process. After quenching experiments 314 

(including tert-butanol and methanol) and EPR analysis, radicals in UV/PS contained 315 

•OH and SO4•− (see Text S14 and Fig. S4 for related identification analysis). In order 316 

to investigate [•OH]ss and [SO4•−]ss in the system, probe compounds were added to 317 



construct kinetic models. Probe addition usually affects the free radical concentration 318 

by changing the free radical chemistry in the system. We investigated the free radical 319 

concentration of the system at probe additions of 0.05−2.0 μM (Fig. 1b). It was found 320 

that [•OH]ss and [SO4•−]ss depend on the concentration of the probe used. With an 321 

increase in probe concentration from 0.05 to 2.0 μM, [•OH]ss and [SO4•−]ss decreased 322 

linearly from 1.82 × 10−11 and 8.36 × 10−11 M to 0.65 × 10−11 and 2.90 × 10−11 M, 323 

respectively. However, the precision of probe degradation curve determination 324 

decreased when the probe concentration was lower. To address these issues, we used a 325 

mass spectrometry technique with lower detection lines, which were reduced to 32 and 326 

11 ng/L for probes pCBA and BZF. Therefore, after balancing the effect of the probes 327 

on the radicals and the instrumental detection accuracy required for the concentration 328 

determination, we used 0.1 μM as the standard concentration of probes in the study. 329 

After calculation, [•OH]ss and [SO4•−]ss in UV/PS was 1.65 × 10−11 M and 7.98 × 10−11 330 

M, and their percentage contribution to NEO degradation was 37.6% and 62.4%, 331 

respectively. 332 

Under similar UV conditions, the low concentration probe method applied in this 333 

study (probe concentration of 0.1 μM) detected 1.9−51.4 times higher concentrations 334 

of radicals in the UV/PS system compared to the literature (probe concentration of 335 

1.0−10.0 μM) [46,53,54]. Similarly, a similar phenomenon was found in the UV/H2O2 336 

system, where [•OH]ss determined using a 0.1 μM probe was more than twice as high 337 

as that determined using a 1.0 μM probe [38]. In summary, excessive probe 338 

concentration can seriously introduce errors in the determination of radical 339 



concentration by exacerbating the competitive depletion of radicals [38]. To ensure the 340 

accuracy of radical concentration identification, the probe concentration should be 341 

selected in favor of the lower concentration as much as possible. 342 
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Fig. 2. Effects of pH (a) and humic acid (HA, d) (Inset: the relationship between pH, 345 

HA and the value of kobs) in the degradation of NEO in the UV/PS system; trends in 346 

percentage contributions of radicals to NEO degradation during UV/PS at different pH 347 

(b) and HA (e); trends in steady-state concentration of radicals to NEO degradation 348 

during the UV/PS system at different pH (c) and HA (f). Conditions: [PS] = 50 µM, 349 

[NEO] = 5 µM. 350 

 351 

3.2. Effect of pH and NOM on NEO degradation  352 

3.2.1 pH 353 

NEO degradation during UV/PS experiments showed a notable dependence on pH 354 



over the range of 6 to 8 (Fig. 2a). The kobs for NEO decreased from 0.412 to 0.321 min⁻¹ 355 

as pH increased over this range. This suggests UV/PS degradation of NEO is more 356 

favorable at lower pH.  357 

The impact of pH on NEO degradation during UV/PS experiments is multifaceted. 358 

First, dissociation of PS in aqueous solution is enhanced only under strongly acidic 359 

conditions, and its quantum efficiency of photo-dissociation remains stable at different 360 

pH [55]. Therefore, the effect of dissociation of PS at different pH on the system may 361 

be excluded. In addition, pH influences the dissociation of NEO. The dissociation 362 

constants (pKa) of NEO were determined as 3.01 and 8.02. At pH 6 and 7, NEO exists 363 

as a neutral molecule, while at pH 8, 50% of NEO molecules are in an anionic form 364 

(Fig. S5). It has been reported that organic compounds (e.g., edaravone) in the anionic 365 

form may be more reactive with radicals [56]. However, the uniform decrease in kobs 366 

with increasing pH demonstrates this fraction of NEO anions has less promotional 367 

effect on degradation. Furthermore, pH impacted on radicals and their transformations. 368 

As pH increased from 6 to 8, [•OH]ss remained relatively stable, decreasing only from 369 

1.68 × 10−11 to 1.61 × 10−11 M, while [SO4•−]ss decreased from 1.06 × 10−10 to 6.72 × 370 

10−11 M (Fig. 2c). Meanwhile, the proportion of SO4•− decreased from 68.3% to 58.8% 371 

and that of •OH increased from 31.7% to 41.2% (Fig. 2b). In alkaline environments, 372 

radicals may be captured by OH−, resulting in a decrease in overall radical concentration 373 

(Eqs. (7) and (8)). Meanwhile, SO4•− is partially transformed as •OH after being 374 

captured by OH−, which compensates for the partial quenching effect originally 375 

suffered by •OH, and thus [•OH]ss is relatively stable. pH also affects the redox potential 376 



of radicals. Based on the Nernst equation the redox potential of •OH decreases with 377 

increasing pH, which leads to a higher oxidizing capacity of •OH under acidic 378 

conditions thus promoting NEO degradation. 379 

4

2

4• OH  SO  +  SO  + OH− − −→ •    (7) 380 

2OH OH  O + O  + H− −→• •    (8) 381 

3.2.2 NOM 382 

As shown in Fig. 2d, the presence of HA inhibited NEO degradation. As HA 383 

concentration increased (0 to 5 mg C/L), kobs for NEO decreased from 0.393 to 0.247 384 

min⁻¹. The inhibitory role of HA can be assigned to two main factors: (1) Inner Filtering 385 

Effects during which HA's chromophores reduce the photon dose absorbed by PS due 386 

to competitive absorption, leading to decreased formation of •OH and SO4•−; and (2) 387 

Radical Scavenging in which HA scavenges various radicals in the system. As HA 388 

concentration increased from 0 to 5 mg C/L, [•OH]ss and [SO4•−]ss decreased from 1.65 389 

× 10⁻¹¹ to 8.43 × 10⁻¹² M and from 7.98 × 10⁻¹¹ to 5.63 × 10⁻¹¹ M, respectively (Fig. 2f). 390 

Notably, SO4•− plays a more significant role in NEO degradation in the presence of HA. 391 

As HA concentration increased, the contribution of SO4•− to the degradation process 392 

increased from 62.4% to 69.5%, while the contribution of •OH decreased from 37.6% 393 

to 30.5% (Fig. 2e). Compared to [SO4•−]ss (29.4%), SO4•− suffered a greater inhibitory 394 

effect (48.9%). These results are attributed to the fact that the second-order rate 395 

constants for the reaction of •OH with HA (1.21−6.50 × 108 M–1 s–1) are much higher 396 

than those of SO4•− (0.64−3.68 × 107 M–1 s–1), thus producing a more pronounced 397 

quenching effect on •OH. In addition, recent studies have shown that HA may convert 398 



organic radicals after hydrogen atom abstraction of pollutants, and cationic radicals 399 

after deprotonation of neutral radicals to the pollutant proper, Eq. (9). Since its reaction 400 

rate constant is 6.50 × 108 M–1 s–1, this may also be one of the key factors in the 401 

inhibition of NEO degradation by HA. 402 

oxidation state2NEO( H)  +  NEO +– • H  A + H O HA  +  OH−→  (9) 403 
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Fig. 3. Effects of (a) Cl−, (d) HCO3
−, and (g) NO3

− (Inset: the relationship with Cl−, 406 

HCO3
−, and NO3

− and the value of kobs) in the degradation of NEO during UV/PS; 407 

trends in percentage contributions of radicals to NEO degradation during UV/PS at 408 



different (b) Cl−, (e) HCO3
−, and (h) NO3

− concentrations; trends in steady-state 409 

concentration of radicals to NEO degradation during UV/PS at different (c) Cl−, (f) 410 

HCO3
−, and (i) NO3

− concentrations. Conditions: [PS] = 50 µM, [NEO] = 5 µM, pH = 411 

7. 412 

 413 

3.3. Effect of inorganic anions on NEO degradation and radical contribution 414 

Inorganic anions are common background substances in a variety of natural waters 415 

including river water, tap water and groundwater. Their widespread presence may alter 416 

the types and radical concentrations during UV/PS, and directly impact the removal of 417 

pollutants. Therefore, the effects of inorganic anions on NEO degradation in UV/PS 418 

systems were investigated, and the types and concentrations of secondary radicals 419 

(including Cl•, Cl2
−•, CO3•−, and NO2•) produced in the system were analyzed by probe-420 

based kinetic models. 421 

3.3.1 Cl− 422 

As illustrated in Fig. 3a, the presence of 1 mM Cl− had minimal impact on NEO 423 

degradation. However, as Cl− concentration increased from 1 to 5 mM, NEO 424 

degradation became inhibited. As Cl− concentration increased from 0 to 1 mM, kobs 425 

decreased slightly from 0.393 to 0.391 min−1, and as Cl− concentration was further 426 

increased to 5 mM the kobs value decreased to 0.360 min−1. Cl− in the environment 427 

converts radicals (•OH and SO4•−) to a variety of reactive chlorine species including 428 

Cl•, Cl2−•, and ClOH−•, as shown in Eqs (10)−(13). The rapid decomposition of ClOH−• 429 

(Eqs. (14) and (15)) leads to steady-state concentration usually below 10−16 M, and the 430 



system reactive chlorine species (RCS) are dominated by Cl• and Cl2
−• [34]. For 431 

obtaining specific information about free radical transformation, kinetic models were 432 

constructed using NPX, pCBA, BZF, and TMBA as probes to calculate [•OH]ss, 433 

[SO4•−]ss, [Cl•]ss, and [Cl2
−•]ss during UV/PS/Cl− system. The results illustrated that 434 

[SO4•−]ss decreased from 7.98 × 10–11 M to 5.91 × 10–11 M, but [•OH]ss increased from 435 

1.65 × 10–11 M to 2.00 × 10–11 M in the system when Cl− concentration was 1mM (Fig. 436 

3c). Meanwhile, [Cl•]ss and [Cl2
−•]ss were produced in the system with concentrations 437 

of 8.98 × 10–13 M and 5.53 × 10–11 M. At this point, Cl– in the system scavenges SO4•− 438 

to form Cl•, Cl2
−•, and ClOH−• which subsequently decomposes to •OH. The generation 439 

of •OH (7.71 × 109 M–1 s–1) and highly reactive Cl• (1.38 × 1010 M–1 s–1) compensated 440 

for the reduction of [SO4•−]ss, resulting in a reduced effect of low concentrations of Cl− 441 

on NEO degradation. At 1 mM Cl– concentration, the SO4•− contribution to NEO 442 

degradation was reduced from 62.4% to 48.1%, while the •OH contribution increased 443 

from 37.6% to 47.7% (Fig. 3b). The newly generated Cl• and Cl2
−• radicals contributed 444 

3.8% and 0.4% to NEO degradation, respectively. When the Cl− concentration was 445 

increased to 5 mM it promoted further conversion of SO4•− to Cl• and Cl2
−•. The 446 

concentrations of [Cl2
−•]ss and [Cl•]ss increased to 3.28 × 10–10 M and 1.19 × 10–12 M, 447 

which were 1.33- and 5.93-fold increases compared to that at 1mM Cl− concentration, 448 

respectively. NEO degradation at this point was reduced due to the large decrease in 449 

[SO4•−]ss and the relatively low reactivity of the newly generated Cl2
−• with NEO (2.14 450 

× 107 M–1 s–1). The SO4•− contribution to NEO degradation decreased to 21.6%, and 451 

the contribution of generated Cl2
−• was only 2.5%. 452 



4

2

4• Cl  SO  +  SO  + Cl− − −→ •   (10) 453 

2Cl  + Cl l•  C− −→ •   (11) 454 

OH + Cl H• • ClO− −→    (12) 455 

2ClOH  +  Cl  C• + Hl   O− − − −→ •    (13) 456 

ClOH   C•  +l  OH− −→ •    (14) 457 

2• + HClOH    HCl  + O− + → •    (15) 458 

3.3.2 HCO3
−  459 

HCO3
− inhibited NEO degradation during UV/PS system, and the inhibitory effect 460 

was enhanced with increasing HCO3
− concentration (Fig. 3d). As HCO3

− concentration 461 

was increased from 0 to 1 mM, kobs decreased from 0.393 min−1 to 0.350 min−1. When 462 

the concentration of HCO3
− was further increased to 5 mM, the kobs decreased to 0.301 463 

min−1. As shown in Eqs. (16)–(17), HCO3
− will produce CO3•− radicals by competing 464 

for •OH and SO4•− [36,57]. Thus, radicals in UV/PS systems were altered in two ways: 465 

First, quenching of the original radicals. As HCO3
− concentration increased from 0 to 466 

5 mM, [•OH]ss and [SO4•−]ss decreased from 1.65 × 10–11 to 6.27 × 10–12 M and from 467 

7.98× 10–11 to 3.97 × 10–11 M i.e., by 61.8% and 50.3%, respectively (Fig. 3f). Second, 468 

conversion of radicals. In order to obtain specific information on transformation 469 

between radicals, kinetic models were constructed using NPX, BZF and TMBA as 470 

probes to collectively calculate [•OH]ss and [SO4•−]ss, and [CO3•−]ss in UV/PS/HCO3
−. 471 

The results showed that [CO3•−]ss in the system was 2.28 × 10–9 M and 8.07 × 10–9 M 472 

when HCO3
− concentration was 1 mM and 5 mM, respectively. Meanwhile, CO3•− also 473 

played a partial contribution in degradation of NEO, and the percentage contribution of 474 



CO3•− to NEO degradation was 8.8% and 37.3% when the HCO3
− concentration was 1 475 

and 5 mM, respectively (Fig. 3e). However, CO3•− has significant selectivity for organic 476 

compounds. Although CO3•− has relatively higher reactivity (106−107 M–1 s–1) with 477 

electron-rich micropollutants such as nitrogen-containing and aromatic compounds, it 478 

is still about two orders of magnitude lower than that of •OH and SO4•− [58,59]. 479 

Therefore, the generation of CO3•− prolongs the chain reaction of radicals and reduces 480 

the overall oxidizing capacity of the system. 481 

2

3 4 3 4HCO  + SO  •   +HCO SO  − − −→ •   (16) 482 

3 3 2•OH HCO  +  CO  + H O− −→ •    (17) 483 

3.3.3 NO3
−  484 

The effect of NO3
− concentration (0−5 mM range) on NEO degradation is shown in 485 

Fig. 3g. All concentrations of NO3
− enhanced NEO degradation, with kobs increasing 486 

from 0.393 to 0.560 min⁻¹ as NO3
− concentration increased from 0 to 5 mM. The 487 

enhanced removal of NEO was mainly due to the following reasons: First, 488 

photoexcitation generates new radicals. NO3
− absorbs UV irradiation and generates 489 

NO2• and O−•, Eqs. (18)–(20) [60]. Subsequently, O−• reacts with water to form •OH 490 

which enhances NEO oxidation. In contrast to other highly unstable reactive nitrogen 491 

species (RNS, e.g., ONOOH and NO•), NO2• is considered the only stable RNS in the 492 

presence of NO3
−. Therefore, SMX, AN, and TMP were used as probes to construct 493 

kinetic models to study the species, transformations, and concentrations of radicals in 494 

the UV/PS/NO3
− system. The results showed that [NO2•]ss was 2.93 × 10–8 M and 6.45 495 

× 10–8 M when NO3
− concentration in the system was 1 and 5 mM, respectively (Fig. 496 



3i). Although the kNO2• NEO was relatively limited (1.28 × 106 M–1 s–1), the higher 497 

[NO2•]ss still promoted degradation of NEO with NO2• contributing 9.5% (1 mM NO3
−) 498 

and 16.9% (5 mM NO3
−) (Fig. 3h). Meanwhile, [•OH]ss in the system increased to 2.04 499 

× 10–11 M and 2.55 × 10–11 M in the presence of 1 and 5 mM NO3
−, respectively. Second, 500 

NO3
− also absorbs UV to generate O2 and NO2

− [49]. O2 in UV/PS can be involved in 501 

the production of radicals through several pathways [61]. Third, limited quenching 502 

effect. Among other inorganic anions such as Cl− and HCO3
−, NO3

− reacts with •OH 503 

(k•OH, NO3
− < 1 × 105 M–1 s–1) and SO4•− (kSO4•−, NO3

− = 2.1 × 100 M–1 s–1) with the smallest 504 

reaction rate, and the quenching effect on radicals was accordingly weak [62]. Fourth, 505 

minimal effects of UV luminous flux. Unlike far-UVC, there is little overlap between 506 

254 nm UV and the NO3
− absorption band, so the level of UV absorption shielding 507 

caused by NO3
− is low [62]. 508 

3 2NO  +  N  + OO  hv
− −→ • •   (18) 509 

2O  + H O O +  H OH− −→• •    (19) 510 

2 23NO  +   N + 0O .5 O hv
− −→    (20) 511 

3.4. NEO degradation in actual waters 512 

The degradation of NEO by UV/PS in different actual waters (including DW, RW 513 

and STPW) is shown in Fig. 4a (see Table S3 for details of water quality). The kobs of 514 

NEO degradation during UV/PS were in the order of DW (0.393 min−1) > RW (0.098 515 

min−1) > STPW (0.071 min−1). The main reasons include: (1) the chromaticity of actual 516 

waters may affect UV flux, which in turn reduces the generation of radicals; and (2) the 517 

presence of NOM and inorganic anions quenches radical availability. As mentioned 518 



earlier, background ions in actual waters may significantly inhibit NEO degradation by 519 

scavenging radicals. 520 
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 522 

Fig. 4. (a) Degradation of NEO during UV/PS in actual waters (inset: the relationship 523 

with actual waters and the value of kobs); (b) percentage contribution of NOM and 524 

inorganic anions to NEO inhibition in actual waters; (c) degradation rate after 10 min 525 

of degradation in the UV/PS process and predicted values of NEO degradation in actual 526 

waters. Conditions: [PS] = 50 µM, [NEO] = 5 µM, pH = 7; DW = deionized water, RW 527 

= river water and STPW = sewage treatment plant water. 528 

 529 

In order to specifically analyze the main inducing factors for the attenuation of the 530 

degradation effect we correlated the kobs with organic matter (COD and TOC), pH, 531 

inorganic anions (Cl−, HCO3
−, NO3

−, and SO4
−), and typical cations (Ca2+, Mg2+, Na+, 532 

K+, NH4
+) in the actual waters. Spearman's correlation analysis was used to determine 533 

the relevant information since the parameters of the actual waters and kobs do not obey 534 

a normal distribution. The results were shown in Fig. S6, where organic matter (i.e., 535 

NOM as described previously) in water was the main factor inhibiting NEO degradation. 536 

In addition, the specific roles of different water matrix components in the UV/PS 537 



system in real waters were traced by simulating the theoretical inhibitory (promotion) 538 

effects produced by the water matrix components, and determining their contribution 539 

in the total inhibition rate (the sum of inhibition rates of all water matrix components). 540 

Among them, impact of water matrix (NOM and inorganic anions) was predicted by 541 

interpolating their concentrations in the matrix effect fitting curves (determined by 542 

sections 3.2 and 3.3; these results are illustrated in Fig. S7). The results show that 543 

although NO3
− promotes the degradation of NEO, the promotion effect is limited (only 544 

0.6−1.3%). The inhibitory effects of NOM accounted for nearly 90% of the total effect, 545 

which was 11.4−34.7 times more than the effects of Cl− and HCO3
− (Fig. 4b). The above 546 

phenomenon was attributed to the fact that the sampling site was a major residential 547 

area in Beijing, where anthropogenic activities resulted in relatively high 548 

concentrations of NOM in actual waters. However, within 10 min, NEO in RW and 549 

STPW could still be degraded by 62.3% and 53.3% in the UV/PS system, respectively. 550 

Although NEO degradation in actual waters is not as effective as in DW, more than 53% 551 

NEO reduction can still be achieved within 10 min. 552 

In addition, a prediction model for degradation rate of NEO in actual waters was 553 

constructed based on four major water quality factors, including NOM (x1), Cl− (x2), 554 

HCO3
− (x3), and NO3

− (x4) (see Text S15 and Table S4 for specific model construction 555 

details) [63]. The output kinetic model is shown in Eq. (21), where the coefficients of 556 

the primary terms can be considered as the weights of the influence of water quality 557 

factors. The results again demonstrate that NOM is the main factor influencing the 558 

degradation of NEO, followed by HCO3
−. The model can also predict well the 559 



degradation of NEO in actual waters. As shown in Fig. 4c, the calculated values are 560 

lower than the experimental values, which is probably due to the complex composition 561 

of NOM and the different reactivity of different substances with radicals. In addition, 562 

other inorganic ions (e.g., NO2
−, Br−, etc.) and other reducing substances in actual 563 

waters can also cause partial depletion of radicals. 564 

1 2 3 4 1 2 1 3

1 4 2 3 2 4 3 4

  98.9 2.071 0.656 1.099 0.489 0.382 0.192 

0.176 0.369 0.312 +0.187 

Y x x x x x x x x

x x x x x x x x

= − − − + − − +
+ +

 (21)  565 
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Fig. 5. (a) Molecular construction of NEO after optimization; (b) HOMO and LUMO 568 

distribution of NEO; (c) partial Hirshfeld charge distribution and CFF index; and (d) 569 

Orbital energy of LUMO (ELUMO) of primary and secondary radicals. 570 
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Fig. 6. Potential transformation products (TPs) and degradation pathways of NEO 572 

during UV/PS. 573 



3.5. Potential transformation products and degradation pathways of NEO 574 

In order to elucidate the potential degradation pathways of NEO, 39 TPs generated 575 

during UV/PS experiments were identified using HPLC/Orbitrap HRMS, of which 33 576 

TPs were found for the first time and are reported in this paper. Table S5 summarizes 577 

TP various parameters such as detected molecular mass, molecular formula, magnitude 578 

of error, number of peaks, and retention time for all potential degradation products. The 579 

mass spectra and extracted ion chromatograms (EIC) of NEO and its TPs are illustrated 580 

in Figs. S8−S46. To further identify the degradation sites of NEO, HOMO, LUMO, 581 

Fukui function (f 
0) and pairwise descriptors (Δ f) were calculated using DFT and 582 

Multiwfn software, and the results are illustrated in Fig. 5 (Text S16) [50,64]. The 583 

HOMO orbitals were significantly concentrated near 12N and amide bonds (Fig. 5b). 584 

It is hypothesized that the two C-N bonds and amide bond sites of 12N were the main 585 

reaction sites of NEO during UV/PS degradation processes. The values of f 
−, f 

+, and f 586 

0 reflect the propensity of micropollutant molecules to be targeted by electrophiles, 587 

nucleophiles and radicals, respectively (Fig. 5c) [27]. The magnitude of these values 588 

represent the likelihood of the site being attacked [65]. •OH and SO4•− are strong 589 

electrophilic radicals, and mainly attack NEO electrophilically and through radical 590 

attack [31]. Thus, the 12N and O atoms close to the amide bonds have the highest f 
− 591 

and f 0; this is the site most susceptible to electron loss and free radical attack, and is 592 

consistent with the electron-loss positions described by HOMO. 593 

Degradation pathways of NEO during UV/PS experiments were proposed based on 594 

the measured TPs and DFT calculations. As shown in Fig. 6, three degradation 595 



pathways were classified according to the initiating occurring functional groups of the 596 

degradation reaction, namely 5C-12N bond breaking (pathway Ⅰ), hydrogen atom 597 

abstraction/hydroxylation (pathway Ⅱ), and ester hydrolysis (pathway Ⅲ). In addition, 598 

the UV/H2O2 system was used as a generator of •OH. UV/H2O2/Cl−, UV/H2O2/HCO3
−, 599 

and UV/H2O2/NO3
− systems were used as generators of •OH and anionic radicals (Cl•, 600 

Cl2
−•, CO3•−, and NO2•, respectively). The attack tendencies of primary and secondary 601 

radicals in degrading NEO were distinguished by comparing the generation of TPs in 602 

different systems. The results illustrated that there were differences in the propensity of 603 

different species of radicals to attack NEO [45]: •OH was mainly involved in NEO 604 

degradation through hydroxylation, hydrogen atom abstraction (HAA), amine 605 

oxidation, ester hydrolysis, amide hydrolysis, and direct oxidation reactions, whereas 606 

SO4•− was mainly involved in hydroxylation, HAA, decarboxylation, dehydration 607 

reactions, and demethylation to attack NEO. Cl•, CO3•−, and NO2• are involved in the 608 

degradation of NEO through single electron transfer-mediated HAA, decarboxylation, 609 

and dehydration reactions.  610 

Pathway Ⅰ. Due to the highest f 
− (0.1114) with 12N of the alkyl side chain, it is 611 

suggested that this is the most susceptible oxidation site for electrophilic attack. 612 

Pathway Ⅰ therefore begins with the conversion of NEO to TP-295 by C-N bond 613 

breakage at 12N. In the subsequent oxidation processes there are five secondary 614 

degradation pathways, which are named as pathways I-1 to I-5, respectively. First, 615 

when the ester group attached to 5C of TP-295 is converted to a carboxyl group via a 616 

hydrolysis reaction, it may be further converted to the precursor substance TP-253 by 617 



a SO4•− driven decarboxylation reaction. Subsequently, 57H on the benzene ring is the 618 

most likely to be converted to TP-253 by hydroxylation, due to the highest f 
− and f 0. 619 

However, TP-253 was not detected during UV/H2O2 experiments. In other words, the 620 

hydroxylation reaction to TP-253 is accomplished with the participation of SO4•−. 621 

SO4•− is converted to a cation free radical of NEO by plucking an electron from NEO 622 

through single electron transfer (SET) and generates hydroxylation product TP-253 by 623 

reacting with OH− in water. Compared to •OH (−1.80 eV), SO4•− (−3.43 eV) has the 624 

lowest unoccupied molecular orbital energy (ELUMO) and therefore may react with 625 

pollutants with a lower activation energy (Fig. 5d) [31]. Similar types of degradation 626 

by SET have also been found in oxidative removal processes of various pollutants such 627 

as 6-PPD, and anti-degradant used in tire manufacture [66]. Due to the localization 628 

effect of the hydroxyl group on the benzene ring, the H in the neighboring hydroxyl 629 

group (55H and 56H) becomes a potential site for hydroxylation to TP-269.  630 

Second, in Pathway I-2, TP-295 was converted to TP-267 after an amine oxidation 631 

reaction driven by •OH at the 12N site. Subsequently, •OH converted TP-267 to TP-632 

283 and TP-299 by successive hydroxylation reactions of the benzene ring. Degradation 633 

by amine oxidation following amine hydrolysis has also been reported in previous 634 

studies [60]. Interestingly, the yields of TP-283 and TP-299 in the presence of inorganic 635 

anions were 10.2 to 35.1-fold higher than those of the system with •OH alone (yields 636 

were judged by mass spectral peak Intensity). The above reason is due to the 637 

involvement of Cl•, CO3•−, and NO2• in the degradation. The ELUMO of Cl• (-4.17 eV), 638 

CO3•− (-2.46 eV), and NO2• (-2.24 eV) enables the capture of electrons from NEO by 639 



SET and subsequent hydroxylation. Pathway I-3 was the conversion of the unsaturated 640 

double bond in the amide moiety of TP-295 to TP-239 driven by an •OH addition 641 

reaction, as well as undergoing phenyl ring hydroxylation to TP-255 and TP-271. Then, 642 

pathway I-4 relates to the conversion of TP-295 to TP-235 by decarboxylation of 5C, 643 

followed by conversion to TP-205 by again removing the carboxyl group attached to 644 

7C mediated by SO4•−. Finally, pathway I-5 was similar to I-4 in that it is the product 645 

of the decarboxylation of 7C on TP-295. The difference is that the hydroxyl substituent 646 

formed after decarboxylation in pathway I-5 was converted to an unsaturated bond in 647 

TP-279 by a CO3•−-mediated hydrolysis reaction rather than to an aldehyde group by 648 

direct oxidation.  649 

Pathway Ⅱ. In pathway II-1 NEO was converted to TP-377 by a •OH-driven HAA 650 

reaction (removal of 32H and 35H), and subsequently converted to TP-393 and TP-391 651 

by hydroxylation. NEO can also be directly converted to TP-395, TP-411, and TP-385 652 

via consecutive hydroxylation reactions on the benzene ring (path II-2). NEO might 653 

also be directly converted to TP-395, TP-411, and TP-385 by three consecutive 654 

hydroxylation reactions on the benzene ring (pathway II-2). According to the activity 655 

law of carbon atoms, 32H is the most likely site of attack for a third hydroxylation 656 

reaction due to its highest reactivity, which is also verified by the abbreviated Fukui 657 

function (f 0 = 0.0231 and f 
− = 0.0276). Secondly, 38H and 35H are similarly vulnerable 658 

sites for the third hydroxylation reaction (38H: f 0 = 0.0211 and f 
− = 0.0318; 35H: f 0 = 659 

0.0291 and f 
− = 0.0177). The three significantly higher intensity peaks in the EIC of 660 

TP-385 also corroborates these conclusions, with retention times of 7.32 min, 8.27 min 661 



and 9.03 min, respectively (Fig. S42). Finally, in pathway II-3, an unsaturated bond is 662 

formed at 38H by the SO4•− driven HAA reaction, in which SO4•− synchronized 663 

removal of the carboxyl group from the adjacent benzene ring is converted to TP-333.  664 

Pathway Ⅲ. Due to the instability of the ester group, NEO was converted to TP-365 665 

either spontaneously by an ester hydrolysis reaction or by free radical attack. Similar to 666 

the first two pathways, TP-365 can also be converted to TP-381 (presence of Cl• and 667 

CO3•− driven degradation) and TP-363 by •OH driven hydroxylation and HAA 668 

reactions. TP-365 may also be converted to TP-319 by SO4•− (or NO2•) driven 669 

decarboxylation and dehydration reactions (pathway III-1). In pathway III-2, the 7C-670 

centered carboxyl group of TP-365 was removed by •OH to produce TP-337 (f 0 = 0.505 671 

above the other carboxyl group adjacent to the benzene ring). TP-337 was subsequently 672 

converted to TP-335 by a direct •OH-driven oxidation reaction hence to TP-170 by an 673 

amide hydrolysis reaction to remove the benzene ring. In pathway III-3, based on TP-674 

337, the benzene ring and 32H were attacked by •OH to form the hydroxylation product 675 

TP-369 and the unsaturated bond-containing TP-321. Pathway III-4 was found to be 676 

initiated entirely by SO4•−. TP-337 was converted to TP-309 by a second 677 

decarboxylation reaction. During subsequent oxidation, TP-309 continues to be 678 

converted to hydroxylated TP-341. At the same time, TP-309 was converted to TP-265 679 

and TP-281 by a demethylation reaction. Subsequently, a C-N bond break at 12N of 680 

TP-265 produced small aliphatic products (TP-114, TP-102 and TP-103). 681 
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Fig. 7. (a) Vibrio fischeri luminescence inhibition rate accompanied by degradation of 684 

NEO during UV/PS; (b) acute and (c) chronic toxicity evolution of NEO and its 685 

transformation products. Conditions: [PS]= 50 µM, [NEO]= 5 µM, pH=7. 686 

 687 

3.6. Toxicity evaluation of NEO degradation  688 

The persistence and mobility of TPs in actual waters is often greater than that of their 689 

parent compounds which makes them potentially more widespread and enduring in the 690 

natural environment, and therefore their toxicity to organisms needs to be understood 691 

[42]. Overall solution toxicity (experimental toxicology based on Vibrio fischeri) and 692 

toxicity of individual TPs (computational toxicology based on ECOSAR software) have 693 

been used to comprehensively assess the toxicity levels of TPs during UV/PS 694 



experiments. The overall toxicity of the solution was modeled using Vibrio fischeri as 695 

a model microorganism, and acute toxicity intensity of the samples was expressed in 696 

terms of luminescence inhibition (Fi).  697 

As shown in Fig. 7a, Fi values of Vibrio fischeri showed an increasing and then 698 

decreasing trend to 10 min exposure time. Upon completion of the 10 min exposure 699 

time the Fi value of Vibrio fischeri was 2.5%, achieving partial detoxification compared 700 

to the original solution. In addition, the inhibition of Vibrio fischeri peaked at 3 min 701 

(4.2%), indicating the presence of toxic TPs at the initial stage of degradation. To 702 

further characterize toxic TPs in degradation, all TPs of the three degradation pathways 703 

were assessed using ECOSAR software (Fig. 7b, 7c and Table S6). The results 704 

illustrated that the detoxification effects of the three degradation pathways differed 705 

significantly. TPs in Pathway Ⅰ were significantly less toxic to three aquatic organisms 706 

(green algae, fish, and daphnia) than those in Pathways Ⅱ and Ⅲ. In Pathway Ⅰ, acute 707 

and chronic toxicity to the three aquatic organisms ranged from "Toxic" or "Harmful" 708 

to "Not harmful" when the degradation experiment was completed. As C-N bond 709 

breaking is the preferred initiation site for UV/PS degradation of NEO in Pathway Ⅰ, it 710 

is hypothesized that the concentration of TPs in Pathway Ⅰ is the highest. Therefore, 711 

most NEO was removed through pathway Ⅰ and partial detoxification of the overall 712 

toxicity of the solution was achieved. In addition, in Pathways Ⅱ and Ⅲ, we found that 713 

the toxicity of TPs fluctuated greatly and did not decrease significantly at the end of the 714 

reaction. Part of the reason for this phenomenon was the lack of detection of small 715 

molecular weight TPs during mass spectrometry. Due to removal of the NEO carboxyl 716 



and nitrogen-containing groups during degradation, the resulting low moleculer weight 717 

alkyl compounds were difficult to load with a positive (negative) charge during the MS 718 

ionization process and could not be detected. However, it is apparent that the 719 

degradation process produces TPs with higher toxicity than the parent NEO. In 720 

Pathways Ⅱ and Ⅲ, the hydroxylation products (i.e., TP-395 and TP-385), 721 

decarboxylation products (TP-337 and TP-309), and aldolization products (i.e., TP-335) 722 

formed at an early stage in NEO degradation and reached increased toxicity risk levels 723 

of "Toxic" or "Harmful" in terms of the LC/EC50 (acute toxicity) and ChV (chronic 724 

toxicity) of the three simulated aquatic organisms. Therefore, further attention needs to 725 

be paid to the generation and subsequent transformation of toxic TPs, and to monitoring 726 

the overall impact on the aquatic environment after NEO release. 727 

 728 

4. Conclusion  729 

In this study, the mechanism of NEO degradation and transformation during UV/PS 730 

degradation in pure water and actual water matrices was investigated. A kinetic model 731 

based on the low concentration probe method is proposed to determine the steady-state 732 

concentrations of primary (•OH and SO4•−) and secondary (Cl•, Cl2
−•, CO3•−, and NO2•) 733 

radicals in a variety of systems. In the UV/PS system, the contribution of •OH to NEO 734 

degradation increased with increasing alkalinity, but was easily inhibited by NOM. The 735 

ranking of kobs for NEO degradation in the presence of inorganic anions was: NO3
− > 736 

pure water ≈ Cl− > HCO3
−. In addition, the steady-state concentration of secondary 737 

radicals produced by the system was ranked NO2• > CO3•− > Cl2
−• > Cl•. However, 738 



because of the significant differences in the reactivity of different species of radicals 739 

with NEO, the final ranking of the contribution to NEO degradation is: CO3•− > NO2• > 740 

Cl• > Cl2
−•. Based on 39 detected TPs, the oxidation mechanism and the attack of 741 

primary and secondary radicals for the degradation of NEO by the UV/PS system were 742 

proposed. Toxicity assessment showed that although partial detoxification of NEO was 743 

achieved at the end of degradation reaction, the toxicity of hydroxylation products, 744 

decarboxylation products, and aldolization products formed at the initial stage of NEO 745 

degradation was relatively high. 746 

In addition, some limitations and shortcomings still exist in this study, mainly 747 

including (1) the methods to further enhance the degradation rate in actual water still 748 

lack in-depth research; (2) the generation of toxic TPs during pollutant degradation 749 

cannot be avoided. Future studies should focus on and simulate the degradation of 750 

pollutants under actual water in order to further investigate the methods to resist the 751 

water matrix effect. Meanwhile, AOPs in practical application need to strictly monitor 752 

the formation and toxicity of TPs of the parent pollutants, especially the fate and 753 

environmental emissions of highly toxic parts of them in STPs.  754 
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