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A B S T R A C T   

Strontium-90 (90Sr) is a major contaminant at nuclear legacy sites. The mobility of 90Sr is primarily governed by 
sorption reactions with sediments controlled by high surface area phases such as clay and iron oxides. Sr2+

adsorption was investigated in heterogeneous unconsolidated aquifer sediments, analogous to those underlying 
the UK Sellafield nuclear site, with grainsizes ranging from gravels to clays. Batch sorption tests showed that a 
linear Kd adsorption model was applicable to all grainsize fractions up to equilibrium [Sr] of 0.28 mmol L− 1. Sr2+

sorption values (Kd; Langmuir qmax) correlated well with bulk sediment properties such as cation exchange ca-
pacity and surface area. Electron microscopy showed that heterogeneous sediments contained porous sandstone 
clasts with clay minerals (i.e. chlorite) providing an additional adsorption capacity. Therefore, gravel corrections 
that assumed that the > 2 mm fractions are inert were not appropriate and underestimated Kd (bulk) adsorption 
coefficients. However, Kd (<2 mm) values measured from sieved sediment fractions, were effectively adjusted to 
within error of Kd (bulk) using a surface area dependant gravel correction based on particle size distribution data. 
Amphoteric pH dependent Sr2+ sorption behaviour observed in batch experiments was consistent with cation 
exchange modelling between pH 2–7 derived from the measured cation exchange capacities. Above pH 7 model 
fits were improved by invoking a coupled cation exchange/surface complexation which allowed for addition 
sorption to iron oxide phases. The overall trends in Sr2+ sorption (at pH 6.5–7) produced by increasing solution 
ionic strength was also reproduced in cation exchange models. Overall, the results showed that Sr2+ sorption to 
heterogeneous sediment units could be estimated from Kd (<2 mm) data using appropriate gravel corrections, and 
effectively modelled using coupled cation exchange and surface complexation processes.   

1. Introduction 

Strontium-90 (0.55 MeV; t½ = 28.8 years) is a major groundwater 
contaminant at nuclear sites worldwide, including Hanford (US), Mayak 
(Russia), Chernobyl (Ukraine) and Sellafield (UK) (Beresford et al., 
2020; McKinley et al., 2007; Sellafield Ltd, 2016; Standring et al., 2002). 
The UK Sellafield nuclear site has the largest contaminated land liability 
in the Nuclear Decommissioning Authority’s (NDA) estate (Cruickshank, 
2012). Leaks to ground from waste storage ponds and tanks (such as 
Magnox Swarf Storage Silos, MSSS (Wallace et al., 2012)) have produced 
plumes of 90Sr contaminated groundwater, and the potential mobility of 
90Sr from historical releases is now a significant risk to site 

decommissioning (Turkington et al., 2018). 
90Sr occurs in groundwater as 90Sr2+ and its mobility is primarily 

controlled by adsorption to negatively charged mineral surfaces present 
in aquifer sediments (O’Day et al., 2000; Patterson and Spoel, 1981). 
Highly adsorbing phases include aluminosilicate clays (such as chlorite, 
montmorillonite) and Fe oxides (Carroll et al., 2008; Dyer et al., 2000; 
Trivedi and Axe, 1999). Incorporation into carbonate phases occurs 
under high pH conditions and at higher Sr2+ concentration, SrCO3 
precipitates (Hodkin et al., 2018). Most commonly, Sr2+ adsorbs to 
mineral surfaces by forming outer sphere complexes at the solid-water 
interface with ion exchange as the main mechanism (Fuller et al., 2016). 

Therefore, sorption of Sr2+ in most soils and sediments is strongly 
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affected by pH and ionic strength (Thorpe et al., 2012; Wallace et al., 
2012), with either low pH or higher ionic strength leading to lower Sr2+

sorption (Krauskopf and Bird, 1967; Livens and Baxter, 1988; O’Day 
et al., 2000). 

The background Sellafield groundwater environment is charac-
terised by low ionic strength, circumneutral pH (pH 6–8) and oxidising 
conditions (Newsome et al., 2014; Sellafield Ltd, 2016; Thorpe et al., 
2012), which are favourable for rapid sorption of Sr2+ to clay and iron 
oxide minerals present in aquifer sediments (McKenzie and 
Armstrong-Pope, 2010; Sellafield Ltd, 2016). However, historical acci-
dental leaks from radionuclide storage tanks have increased the ionic 
strength within contaminant plumes (Wallace et al., 2012). Sellafield, 
like many other UK nuclear sites, lie on coastal plains which have been 
identified as vulnerable to saline water intrusion from sea level rise 
(Chang et al., 2018) potentially affecting 90Sr sorption (Eagling et al., 
2013). 

A simple distribution function between the aqueous and solid phases 
present (Kd) has been measured under a range of scenarios to charac-
terise the chemical interaction between 90Sr and sediment surfaces (Axe 
et al., 1998; Fuller et al., 2016). Kd values are used to calculate retar-
dation factors (Rf) commonly used by contaminant modellers to predict 
fate and transport of 90Sr (Appelo and Postma, 2004). The standardised 
method of measuring Kd involves sieving the sample to <2 mm, which 
produces a result skewed to fine grained, high surface area phases such 
as clays or iron oxides. Since the >2 mm sediment fraction has a low 
surface area to volume ratio, it has relatively low adsorption capacity 
(Langmuir, 1997). Common practise for heterogeneous sediments, 
therefore, assumes that >2 mm particles are inert. Where a large >2 mm 
fraction is present, gravel corrections can be applied to account for 
either an inert gravel fraction or one with a lower Kd than the < 2 mm 
fraction (Um et al., 2009). Using gravelly sediments from the US Han-
ford nuclear site, an empirical method was developed to calculate gravel 
corrected Sr Kd values (Kaplan et al., 2000). 

The complex subsurface underlying the Sellafield nuclear site is 
characterised by Quaternary glacial outwash sediments with grainsizes 
ranging from clay to gravel. Borehole records showed gravel and sand 
channels interspersed by clay and silt lenses (Smith et al., 2020, 2023). 
Unconsolidated coarse grained gravel layers provide preferential path-
ways for groundwater flow and therefore play an important role in rapid 
contaminant transport. Although remediation strategies for U(VI) 
contamination (via bioreduction) have been assessed using the gravel 
fraction (Newsome et al., 2014), investigations of 90Sr adsorption 
behaviour has relied exclusively on characterisation of the <2 mm 
fraction (Fuller et al., 2016; Small et al., 1999; Thorpe et al., 2012; 
Wallace et al., 2012). Therefore, there is a lack of directly measured Sr2+

adsorption data for the full range of grainsizes relevant to the UK 
Sellafield nuclear site. In addition, the fate of 90Sr adsorbed to coarse 
sediments has not been assessed as a function of geochemical conditions 
including pH and ionic strength. 

Therefore, our study aimed to characterise the geochemistry of >2 
mm fraction to determine its effect on Kd values. The specific objectives 
are to improve understanding of Sr2+ adsorption behaviour as a function 
of grainsize and assess existing methods used to quantify Sr adsorption 
in a range of heterogeneous aquifer sediments, relevant to the UK 
Sellafield nuclear site (including the 2–22 mm fractions) using batch 
sorption tests. The effect of changing groundwater pH and ionic strength 
is also determined. This new information better informs Kd parameter-
isation for future assessment modelling of 90Sr contaminant transport 
through heterogeneous glacial sediments, leading to more robust esti-
mates of risk and contaminated land volumes. 

2. Materials and methods 

2.1. Sediment sampling 

Five 25 kg samples of fluvioglacial alluvium deposits (A-E, 

representing a range of grainsizes present at this location) were collected 
from an exposed cliff section at Drigg Beach, Cumbria in April 2021 (54◦

22′ 31.5″ N, 3◦ 28′ 16.4″ W). This exposed section is representative of the 
same unconsolidated sediment facies that underlies the Sellafield nu-
clear legacy site UK, composed of 0–60 m of Quaternary fluvioglacial 
deposits consisting of sand and gravel channels with clay and silt lenses 
(Smith et al., 2020, 2023). At the Sellafield site, sediments are water 
saturated from 9 to 10 m below the surface and groundwater levels vary 
seasonally by only ±1 m (Kuras et al., 2016). The hydrochemistry is 
characterised by oxidising redox conditions (Newsome et al., 2014), 
near neutral pH (6.5 ± 1.0) and generally low ionic strength ground-
water (4 ± 2 × 10− 3 mol L− 1) dominated by Na+, Ca2+, Cl− and HCO3

−

ions (Robinson et al., 2023). 
Samples were stored in woven polypropylene bags at 4 ◦C. Repre-

sentative subsamples for use in sorption experiments (approximately 
500 g) were produced by cone and quartering. These subsamples were 
cation exchanged with a 0.1 mol L− 1 NaCl solution (100 g L− 1) and 
washed with deionised water (DIW) until the supernatant conductivity 
was <10 μS cm− 1 to produce sediments with cation exchange sites 
uniformly saturated with Na + ions. Finally, sediments were oven dried 
at 102 ◦C prior to use in batch sorption experiments. 

2.2. Sediment characterisation 

Particle size distribution (PSD) was determined using British Stan-
dard method (BS ISO 11277:2020). Each sample was sieved using ap-
ertures 2–22.4 mm. Wet sieve analysis and sedimentation (based off 
Stokes Law) defined PSD of grainsizes <2 mm by separating agglom-
erations of sediment. To further determine particle size of <2 mm 
fraction of samples D and E, further analysis using CAMSIZER X2 (with 
XJET module) which dispersed <2 mm particles by compressed air. 
Powder X-ray diffraction (XRD) analysis was performed using Spex ball 
milled sediment on a Bruker D8 diffractometer. Diffraction patterns 
were scanned from 2 to 86◦ 2θ for 1.1 h at a step size of 0.02◦, using a Cu 
tube operated at 40 kV and 40 mA. Samples were prepared as fused glass 
beads (1 g powder sample: 10 g 66% Li tetraborate/34% Li metaborate 
flux) and major elemental composition was determined by X-ray fluo-
rescence (XRF) on a Rigaku ZSX Primus II with an Rh tube. 

Cation exchange capacity (CEC) was determined for samples (<22.4 
mm) in triplicate 50 ml centrifuge tubes using the BaCl2 compulsive 
exchange method (Gillman and Sumpter, 1986). CEC values (meq 100 
g− 1) were calculated from the increase in mass (due to formation of 
BaSO4) following a series of ion exchange reactions. N2 adsorption 
Brunauer-Emmett-Teller (BET) surface area was determined for < 5.6 
mm oven dried samples that were degassed overnight using N2 on 
Micrometrics FlowPrep 060, followed by analysis of specific surface area 
(SSABET, m2 g− 1) using Micrometrics Gemini VII 2390. The instrument is 
not designed to measure SSABET of > 5.6 mm material. 

Reported CEC and SSABET values were adjusted to account for larger 
grainsize material excluded from testing. Sediment mass was multiplied 
by the fraction of the sample incorporated in the experiment to scale 
CEC values. For example, by assuming that > 22.4 mm grainsizes did not 
contribute to CEC the scaled value decreased. Sediment > 5.6 mm was 
similarly scaled using PSDs (Fig. 1), consequently the SSABET value 
halved for sample C. 

Sediment samples (> 2 mm clasts) were prepared for scanning 
electron microscopy (SEM) analysis by embedding in epoxy resin blocks, 
which were cut and polished using diamond pastes and water free lu-
bricants to produce flat surfaces containing cross sections of sediment 
grains. After carbon coating (20 nm), back scattered electron (BSE) 
images were collected (working distance 15 mm; 20 keV) using a Tescan 
VEGA3 XM SEM equipped with an Oxford Instruments X-max 150 SDD 
Energy dispersive spectrometer controlled by Aztec 3.3 software. 
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2.3. Batch sorption experiments 

To investigate the effect of grainsize on adsorption of Sr2+, batch 
isotherm experiments were conducted at pH 6.5–7.0 and a solid-solution 
ratio (SSR) of 100 g L− 1. This is lower than field conditions (>1000 g 
L− 1) to allow for experimental constraints (Limousin et al., 2007). 
Strontium solutions were obtained from SrCl2.6H2O (Acros Organics) 
with >99% purity, and all other reagents were analytical grade (>99% 
purity) chemicals obtained from Fischer Scientific. Aqueous Sr concen-
trations were analysed by Thermo iCAP 7400 ICP-OES. 

Representative sampling and appropriate vessel size for each sample 
was chosen, as shown in SI Table S1. Stock solutions 0.25 mol L− 1 NaCl 
and 0.25 mol L− 1 SrCl2⋅6H2O were prepared and diluted to test 
adsorption of Sr2+ at trace concentrations, ranging from 5.0 × 10− 3 to 
8.33 × 10− 5 mol L− 1. A background electrolyte solution containing 2.5 
× 10− 3 mol L− 1 NaCl was used in all experiments (this was chosen to 
replicate the approximate ionic strength found in groundwater samples 
recovered from the unconsolidated aquifer (McKenzie and 
Armstrong-Pope, 2010). After equilibrating for 48 h, samples were 
centrifuged for 10 min, and the pH was monitored with Mettler Toledo 
InLab 413 SG probe calibrated using pH 4, 7 and 10 buffer solutions. If 
necessary, pH adjustment to 6.5–7.0 was performed by addition of 10 μL 
aliquots of 1 mol L− 1 HCl or 1 mol L− 1 NaOH. Experiments were then 
shaken for another 24 h, and the supernatant solution was separated by 
centrifugation (Table S1). The distribution coefficient (Kd, L kg− 1) 
values were determined using the experimental linear incline of the 
isotherm, from experiments using Sr2+ concentrations from 2.5 × 10− 4 

mol L− 1 to 8.3 × 10− 4 mol L− 1. A higher Kd indicates a greater binding 
affinity since it describes the ratio between the adsorbed and aqueous 
species at equilibrium. The Kd was calculated using the following 
equation (Khan and Khan, 1995): 

Kd =
Sri − Sraq

Sraq
• SSR (1)  

where Sri and Sraq are initial and equilibrium Sr2+ concentrations (mg 
L− 1) and SSR is 100 g L− 1. Sorption data from the initial batch isotherm 
experiment were fitted to the Langmuir isotherm model (Limousin et al., 
2007); 

[Sr]s =
qmaxKL[Sr]aq

1 + KL[Sr]aq
(2) 

where qmax defines the maximum adsorption capacity of the sedi-
ment and KL is the Langmuir adsorption constant. R2 was determined by 

linear fit of the Langmuir model to experimental data (Langmuir, 1918). 
pH dependant adsorption behaviour was also determined using 

batch sorption tests as above using solutions containing 5.0 × 10− 4 mol 
L− 1 SrCl2 and 2.5 × 10− 3 mol L− 1 NaCl. Initial pH of the suspensions was 
set (using 1 mol L− 1 HCL or 1 mol L− 1 NaOH) and shaken for 24 h using 
the experimental conditions outlined in Table S1. After centrifugation, 
the pH was measured and adjusted to provide solutions ranging from pH 
2 to 10. 

Batch experiments investigating the effect of increasing ionic 
strength (IS) on Sr adsorption were prepared with 2.0 mol L− 1 NaCl 
stock solution. NaCl background electrolyte ranged from 1.0 mol L− 1 to 
2.5 × 10− 3 mol L− 1 and solutions were spiked with 5.0 × 10− 4 mol L− 1 

SrCl2 at pH 6.5–7. The percentage of Sr adsorbed was calculated using 
the following equation: 

Sr % sorption=
Sri − Sraq

Sri
• 100 (3)  

where Sri and Sraq are initial and equilibrium Sr concentrations. 

2.4. Sorption modelling 

The wateq4f.dat database in PHREEQC (USGS) was used to model 
the effect of pH on grainsize heterogeneity in the experimental solutions 
(5.0 × 10− 4 mol L− 1 SrCl2, 2.5 × 10− 3 mol L− 1 NaCl) (Parkhurst and 
Appelo, 1999). Modelling calculations simulated the reaction at pH 2–9 
in contact with an ion exchange concentration of sediment derived from 
the measured CEC (Table 1). The model relied on the competing ion 
effect of H+ to simulate the sorption edge for each sample. Surface 
complexation modelling (SCM) was integrated to better simulate sorp-
tion of Sr2+ to heterogeneous sediments at pH > 7. The diffuse double 
layer SCM approach of Dzombak and Morel was applied to simulate 
sorption of Sr2+ to ferrihydrite, using 0.1 x the Fe oxide concentration 
determined by XRF, to provide the reactive Fe concentration (Dzombak 
and Morel, 1991). Using sediments relevant to Sellafield, the weak acid 
extractable Fe was measured to be 2% of the total Fe (Law et al., 2010). 
This study increased the reactive Fe concentration to 10% to produce a 
better model fit and account for presence of haematite, which contains 
amphoteric sites but is not dissolved by weak acid extraction. Sorption of 
Sr and other divalent cations to variable charge mineral surfaces have 
been modelled via SCM before (Carroll et al., 2008; Sajih et al., 2014). 
The study assessed whether the pH sorption edge of heterogeneous 
sediments could be simulated by a combined ion exchange and SCM 
approach. To simulate increasing ionic strength, the cation exchange 
model above was adapted by inclusion of generic ion exchange functions 
involving Na+ (Appelo and Postma, 2004). 

2.5. Gravel correction experiments 

A 0.1 mol L− 1 NaCl washed subsample from sediment C was prepared 
by sieving, using 2–22 mm apertures. The Sr2+ distribution co-efficient 
(Kd) for each grainsize fraction (<2, <2.8, <5.6, <8, <11.2, <16, <22.4 
mm) was determined using 0.0025 mol L− 1 NaCl, 0.0005 mol L− 1 SrCl2 
at pH 6.5–7. Sediment was subsampled representatively up to 50 g and 
shaken at SSR 100 g L− 1 for 48 h. The following gravel correction 
equations were applied to the Kd value to compare with the adsorption 
affinity of the bulk sample. Equations (4) and (5) have been applied to 

Fig. 1. Cumulative particle size distributions of the unconsolidated aquifer 
sediment samples used in this study. 

Table 1 
D50, CEC and SSABET of sediment samples.  

Sample D50 (mm) CEC (meq 100 g¡1) SSABET (m2 g¡1) 

A 1.2 0.78 ± 0.05 3.73 ± 0.04 
B 0.4 1.04 ± 0.02 2.61 ± 0.03 
C 5.00 1.24 ± 0.14 1.45 ± 0.03 
D 0.04 6.10 ± 0.81 5.28 ± 0.03 
E 0.07 5.28 ± 0.62 9.56 ± 0.03  
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sample C, the heterogeneous gravel. 
Equation (4) assumes that all sediment >2 mm is inert and that 

gravels do not contribute to adsorption. Equation (5) uses a spherical 
grain assumption and was formulated by measuring Kd values from 
Hanford gravel sediments in Richland, Washington (Kaplan et al., 2000). 
In this correction the surface area of the sand, silt and clay fractions are 
estimated from the PSD and assumes the radius of >2 mm particles are 3 
mm. Equation (6) is a surface area gravel correction which quantifies the 
surface area directly by using SSABET values. However, BET N2 analysis 
technique is unable to measure the SSABET of particle sizes >5.6 mm. 

Kd gc,inert =(1 − f)Kd<2mm (4)  

Kd gc,radii est =(1 − f)Kd<2mm + f
[

(Kd<2mm)

(
r<2mm

r>2mm

)]

(5)  

Kd gc,BET =(1 − f)Kd<2mm + f
[

(Kd<2mm)

(
SSA>2mm

SSA<2mm

)]

(6)  

Where f is the gravel fraction (derived from PSD, Fig. 1), r is estimated 
radius using spherical assumptions for each grainsize and SSA is specific 
surface area measured by BET N2 analysis. 

3. Results 

3.1. Sediment characterisation 

Cumulative PSDs (Fig. 1) demonstrates that the five bulk samples 
collected from Drigg Beach provide sediment with a range of particle 
sizes and sorting. The mean grain sizes (D50) are reported in Table 1. 
Samples A and B are characterised as coarse and gravelly sands with 
respectively 40% and 90% of sediment < 2 mm. Sample C is the most 
heterogeneous and contains a broad range of grainsize fractions, with 
60% > 2 mm. The gravel fractions consist of clasts containing sandstone, 
other sedimentary rock (such as siltstone) and igneous rock as well as 
agglomerates. Samples D and E are silt and fine sand (D50 0.04 and 0.07 
mm). The clay size fraction was not directly measured using the sedi-
mentation method, but the presence of aluminosilicate clay phases was 
confirmed by the mineralogical compositions. 

XRD analysis showed that the bulk mineralogy of both coarse and 
fine grained samples are similar (Fig. 2). Quartz is the dominant phase 
present, along with minor amounts of feldspars (albite and microcline) 
and aluminosilicate clays (muscovite and clinochlore). The XRD 

patterns are consistent with other sediment analysis from the area (Law 
et al., 2010). Samples C and E contained edenite (amphibole group) and 
calcite, respectively. High SiO2 content (>70%) in samples is consistent 
with quartz dominated sediments, and the Al2O3 content (7–11 %) is 
consistent with the aluminosilicates found in XRD analysis. The aquifer 
sediments contain negligible amounts of organic matter (Corg < 0.1 wt 
%) (Law et al., 2010). 

Measured CEC values ranged from 0.8 to 6.1 meq 100 g− 1, showing a 
nearly 8-fold increase between the different grainsize fractions 
(Table 1). Specific surface area (SSABET) ranged from 1.45 to 9.6 m2 g− 1, 
a wider range of surface areas than previously studied from the Sellafield 
site (2.2–5.9 m2 g− 1) (Newsome et al., 2014). As previously observed, 
CEC and SSABET do not correlate precisely with mean particle size (D50). 
The highest CEC and SSABET values were recorded in the two fine sand 
and silt samples (D and E) and the lowest values were determined in the 
coarse sand sediments (A and B). Sample C (with highest D50) had in-
termediate CEC, albeit towards the lower end of the range of recorded 
values and the lowest SSABET value (1.2 meq 100− 1 and 1.45 m2 g− 1 

respectively). 
Low resolution SEM analysis of a sandstone clast recovered from 

sample C (Fig. 3) revealed a high internal porosity (areas filled with 
resin appear black in BSE images; porosity was calculated at 35 vol% 
using ImageJ, SI Figure S2). Electron dispersive spectroscopy (EDS) 
analysis of the whole field of view (SI Figure S3) showed that the clasts 
were Si-dominated and also contained Al, Mg, Mo, K, Mn and Fe. This is 
consistent with a quartz-dominated matrix containing other alumi-
nosillicate phases such as feldspars, clays and Fe oxides. The pore spaces 
were consistently filled with fine-grained materials. In higher resolution 
images (Fig. 3f), 20–40 μm crystallites with needle-like cross sections 
consistent with chlorite were observed in pore spaces (Haile et al., 
2015). 

3.2. Batch adsorption tests 

Sorption isotherms (Fig. 4a) shows a linear Kd relationship up to Sr 
equilibrium concentration of 25 mg L− 1. Kd values (Table 2) shows up to 
9-fold increase between the predominantly coarse sand (A and B, 15 and 
11 L kg− 1)) and fine sand and silt samples (D and E, 36 and 96 L kg− 1). 
The well-graded sample (C) has an intermediate Kd (18 L kg− 1). At Sr 
values above 30 mg L− 1, Sr sorption is non-linear and fits the Langmuir 
adsorption model (Fig. 4b shows the linearised version of the Langmuir 
isotherm with R2 values ranging from 0.91 to 0.99). The maximum 
adsorption capacity (qmax) is calculated from the isotherm fits (Fig. 4a), 
which ranges between 1200 and 1400 mg kg− 1 for samples D and E and 
510–300 mg kg− 1 for the other samples. At high initial Sr values all 
surfaces were saturated, as expected given the high Sr2+ concentrations 
and optimal pH sorption conditions (pH 6.5–7). Langmuir derived 
Kdvalues for the fine sand and silt samples are consistent with the linear 
Kd (D and E, 36 and 112 L kg-1, Table 2). However, Kd values derived 
from the Langmuir plots overestimate the adsorption for the coarse 
sands and heterogeneous gravel samples (A, B and C 45, 60 and 80 L 
kg− 1, Table 2.) 

3.3. Gravel corrections 

The experimental Kd values for sample C grainsize fractions (<2, 
<2.8, <5.6, <8, <11.2, <16, <22.4 mm) and the corresponding ‘gravel 
corrected’ Kd values found using eqns. (4)–(6) are compared to the Kd 

(bulk) (18 ± 4 L kg− 1 (Fig. 5)). The Kd(bulk) is an average measured at 
initial Sr concentration 0.0005 mol L− 1; this was compared to the Kd for 
each sieved grainsize fraction at the same concentration. Kd values 
determined (with no correction applied) from < 2 mm, < 2.8 and < 5.6 
mm sieved fractions overestimate the adsorption of Sr2+ to Sample C. As 
larger grainsizes are incorporated into the sample (from < 8 mm to <
22.4 mm) Kd values (with error bars ± 1 standard deviation) are within 
error of Kd (bulk) because of increased inclusion of the larger particles 

Fig. 2. XRD patterns from bulk sediments. The major quartz peak at 26◦ 2ϴ 
have been truncated to allow smaller peaks to be discerned. Key: A, albite, 
NaAlSi3O8; Ca, calcite, CaCO3; C, clinochlore (Mg,Al)6(Si,Al)4O10(OH)8; Mi, 
microcline, KAl2Si3O8; Mu, muscovite KAl2Si3AlO10(OH)2; Q, quartz SiO2; Ed, 
edenite NaCa2Mg5AlSi7O22(OH)2. 
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present in the bulk sample. This grainsize heterogeneity results in 
increased standard deviation values, despite using larger sample sizes 
and masses. Kd calculated using < 8 mm sediment is within error of the 
Kd(bulk) value and is representative of adsorption capacity measured with 
inclusion of larger grainsizes. 

Also shown in Fig. 5 is the efficacy of the various ‘gravel correction’ 
approaches (Equation (4)–(6), shown as the symbols without error bars 
in the lower left side of the plot). The assumption that the surface of > 2 
mm particles are inert (Equation (4)) underestimates the Kd (bulk) value 
(18 L kg− 1). Using SSABET values in Equation (6) also underestimates Kd 

(bulk) and is outside the margin of error. Using the spherical 

approximation to grainsize provides the closest estimate of the Kd (bulk). 

3.4. pH dependant sorption behaviour 

Fig. 6 (shown in more detail in SI Figure S3) demonstrates the effect 
of grainsize heterogeneity on the pH sorption edge. The highest sorption 
percentage (93%, Fig. 6a) and Kd (142 L kg− 1) was at high pH. Note that 
the maximum sorption values were calculated from Sr solution con-
centrations measured close to the limit of detection for Sr2+ in analyses, 
therefore these values represent minimum possible values for these 
samples. Sorption of Sr2+ increases with pH for all grainsizes with a 

Fig. 3. SEM-EDS analysis of (>2 mm) sandstone clast from sediment sample C; a) low resolution BSE image; b-e) selected false colour element maps; and f) high 
resolution BSE image of chlorite phase identified in sandstone pore spaces. 

Fig. 4. a) Sr2+ sorption to heterogeneous sediments as a function of aqueous [Sr] and best-fit Langmuir adsorption isotherms, and b) linear fits used to calculate 
isotherm parameters. 
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baseline sorption at pH < 3 ranging from 7 to 25%. For fine-sand sam-
ples D and E we observe a narrow sorption edge between pH 3–4 with 
sorption increasing to 80% at pH 5. Sorption to predominantly coarser 
sand samples A, B and well-graded sample C increases incrementally 
with pH which provides a broad sorption edge between pH 3–7. 

The greatest difference in sorption occurs at low pH where there’s a 
20-fold difference between Kd values for samples B and E (Figs. 6b, 1 and 
20 L kg− 1, respectively). As pH increases, the difference in sorption 
capabilities reduces. At high pH, the variation in sorption between 
samples reduces to 10%. Sorption behaviour from pH 2–9 was predicted 
using a combined cation exchange/surface complexation model (SCM) 
using CEC values that were 50% of the measured value for each sample 
to empirically fit the analytical model, following the approach used in 
previous work using similar materials (Wallace et al., 2012). During the 
model parameterisation, the fitted CEC values used for two pairs of 
samples were only fractionally different. Therefore, only three solutions 
are presented to model pH sorption edge for fine, sand and heteroge-
neous gravel sediments (Figs. 6a and 7a). 

Sorption at low pH (2–6) was simulated using solely the cation ex-
change processes (the surface complexation reaction is only significant 
at pH > 6). The model simulates the measured data well at circum-
neutral pH. At low pH, the model overestimates sorption to all grainsize 
fractions. Inclusion of a combined cation exchange/SCM allows for the 
increased sorption observed above pH 7 and predicts complete sorption 
of Sr2+ by a combination of both ion exchange and surface complexation 
reactions at pH 9. The coupled model best simulates pH dependant 
sorption of Sr2+ for samples C and E, and overestimates sorption to 
samples A and B at pH < 4 by 25%. 

3.5. Ionic strength effect 

The sorption of Sr to the different lithologies/grainsize fractions is 
plotted in Fig. 7 as a function of increasing ionic strength. Sorption is 
independent of grainsize at high ionic strength as % sorption converges 
to 10% for all samples in 1 mol L− 1 solutions. At lower ionic strength 
(2.5 × 10− 3 - 0.1 mol L− 1) there is 30% difference in sorption between 
the lowest and highest adsorbing sediments (B and E). As ionic strength 
increases from groundwater to saline conditions, Kd decreases by up to 2 
log10 magnitudes (Fig. 7b). The ionic strength effects were predicted 
using a cation exchange model, which converges and predicts 0% 
sorption at 1 mol L− 1. The model overestimates sorption by 10–30% at 
2.5 × 10− 3 mol L− 1 and best simulates behaviour at 0.05–0.1 mol L− 1. 

4. Discussion 

4.1. Effect of concentration on Sr2+ sorption 

Linear Sr2+ sorption behaviour in observed with Cumbria Coastal 
Plain sediments obtained from Drigg Beach in experiments with equi-
librium Sr2+ concentrations up to 0.28 × 10− 3 mol L− 1 (in a background 

Table 2 
Sr distribution coefficients determined after 48hrs and fitted Langmuir param-
eters for each of the samples, Langmuir R2 goodness of fit value calculated from 
the linearised model (p < 0.01, Fig. 4b). Kd values are the mean ± 1σ calculated 
from Sr2+ concentrations <25 mg L− 1.  

Sample Kd (L 
kg¡1) 

Langmuir Kd (L 
kg− 1) 

qmax (mg 
kg¡1) 

R2 

(linear) 
Sample size 
(na) 

A 15 ± 7 45.4 510 0.91 13 
B 11 ± 5 60 300 0.97 15 
C 18 ± 6 80 400 0.99 26 
D 36 ± 17 36 1200 0.98 9 
E 96 ± 27 112 1400 0.99 12  

a n = number of sorption tests used to define the values given. 

Fig. 5. Effect of increasing sieve cut off size on measured Sr2+ Kd for the most 
heterogeneous sediment sample C, and three gravel corrected Kd values derived 
from the mean Kd value from the <2 mm fraction using Equations (4)–(6). 
These are compared to Kd (bulk) value ± 1σ (shown by shaded area; measured 
from 8 replicate experiments using [Sr] = 5 × 10− 4 mol L− 1 using bulk sample 
C material). All data points are the mean of triplicate measurements ± 1σ. 

Fig. 6. a) Effect of pH on Sr sorption to different (<22.4 mm) grainsize sediments. Lines show results from coupled cation exchange/surface complexation modelling, 
b) Effect of pH on Sr2+ Kd. 
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electrolyte of 2.5 × 10− 3 mol L− 1 Na+). The typical non-radioactive Sr 
concentrations in West Cumbrian groundwater is ~0.2 × 10− 5 mol L− 1 

and the total ionic strength is ~2.5 × 10− 3 mol L− 1 (McKenzie and 
Armstrong-Pope, 2010). Therefore, experimental design for sorption 
experiments should adopt a maximum Sr2+ concentration that is within 
the linear range. This observation also supports the routine use of 
non-radioactive Sr in sorption experiments instead of radiotracers, 
which can be cheaper, safer and less complex to determine in solution. 

At higher Sr2+ concentrations, sorption was non-linear and conforms 
to the Langmuir isotherm model where solid concentrations do not in-
crease proportionally with increasing solution concentrations due to 
saturation of available sorption sites (Foo and Hameed, 2010; Sposito, 
1984). The SSABET values for each of the sediments used correlated with 
both Kd (Pearson’s R = 0.92, p = < 0.05); and the maximum Sr loading, 
qmax (Pearson’s R = 0.92, p = < 0.05), highlighting available surface 
area as the most important control on Sr2+ sorption in these mineral-
ogical very similar sediments. Kd derived from Langmuir plots over-
estimate adsorption of Sr by coarse sediments (A, B and C) since 
Langmuir Kd is skewed by results from tests with higher Sr2+ concen-
trations where qmax is reached. Langmuir and linear Kd values 
measured for fine sand and silt sediments are consistent since the higher 
adsorbing sediment have lower equilibria Sr concentrations, which is 
representative of the concentration range used to calculate linear Kd 
values. 

4.2. Correlation of Sr2+ sorption to sediment composition 

The Drigg Beach samples represent a range of similar sediment li-
thologies with a range of grainsizes. The silt and fine sand samples (D50 
0.04 and 0.07 mm) have significantly higher surface areas and Sr2+

adsorption potential (as defined by measured Kd values, and Langmuir 
qmax). Sr2+ is predicted to adsorb via an outer sphere adsorption 
mechanism, whereby the cation retains its hydration sphere and forms 
weak complexes at the solid water interface (Fuller et al., 2016; Thorpe 
et al., 2012; Vettese et al., 2023). Hence, adsorption increases as 
grainsize decreases, due to a higher surface area to volume ratio 
(Limousin et al., 2007). 

The coarser sand and gravel sediments (D50 0.4, 1.2 and 5.0 mm) 
have lower surface area parameters. There is no significant correlation 
(SI Table S3) between % of particles < 2 mm, CEC and SSABET mea-
surements (p > 0.1). This is partly due to limitations of the methods for 
measuring heterogeneous sediments, for example BET N2 gas adsorption 
technique requires scaling to account for particles with > 5.6 mm 
grainsizes. However, both Kd and qmax values correlate significantly with 
SSABET (p < 0.05) measured for each sample, and CEC values correlate 

with qmax values (p < 0.05). Hence, specific surface area is a good proxy 
for the total number of Sr2+ sorption sites and suggests that cation ex-
change modelling should be a good approach to predicting 90Sr sorption 
in contaminated groundwater in these sediment types. 

The most well-graded and gravel-rich sediment (sample C) had in-
termediate Kd, CEC and SSABET values compared to the fine sand and 
coarse sand samples. Further evidence of this gravel having an inter-
mediate sorption behaviour is shown in the isotherm data for increasing 
ionic strength. SEM images and elemental mapping confirmed that clasts 
within the gravel are comprised of porous sandstone, with clay minerals 
and iron oxide particles observed in the pore spaces providing additional 
surface sites for 90Sr sorption. Weathering of feldspars in sandstones to 
clay minerals (such as chlorite) is known to increase porosity (Blum, 
1994; Singer et al., 2014) providing additional sorption surfaces for 90Sr 
uptake. Other sedimentary (mudstone, siltstone) and igneous clasts are 
also present, however due to their fine grain sizes and high crystallinity 
these are not expected to contain accessible porosity or contribute much 
to Sr2+sorption potential. Therefore, the assumption that sediment > 2 
mm is inert is not correct for these sediments and should be considered 
when applying gravel corrections. 

4.3. Use of gravel corrections 

To directly determine Sr2+ Kd values that are representative of het-
erogeneous material (which contained gravel particles < 22.4 mm) 
required that the screening cut-off sieve size was increased from 2 mm (a 
commonly used size cut-off used in soil and sediment testing; (Krupka 
et al., 1999; Sposito, 1984)). In this study, using representative sediment 
subsampling with an 8 mm sieve and using larger sorption vessels (250 
ml polycarbonate centrifuge bottles) provided Kd values within error of 
the unscreened bulk sample, whereas using < 2 mm subsamples over-
estimated Kd values by ~50%. This is because the < 2 mm fraction is 
known to be biased to high surface area particles with higher sorption 
potential (Appelo and Postma, 2004; Langmuir, 1997; Limousin et al., 
2007). Increasing the excluded clast size limit from 2 mm to 22 mm 
results in measured Kd values that converge on bulk sample values. 
Using a clast-cutoff size is reasonably practicable but has two draw-
backs; 1, the appropriate cut-off sieve may need to be determined for 
each sediment and, 2, Kd values determined using larger grainsize 
fractions are more variable and have higher relative standard de-
viations. Therefore, it would be advantageous to use the fine (< 2 mm) 
sediment fraction, which is analytically simpler and produces much 
more reproducible results, but also need to be corrected to account for 
sorption to the gravel fractions present. 

Here, three gravel corrections were applied. The assumption that the 

Fig. 7. a) Effect of increasing [Na+] on Sr2+ sorption to <22.4 mm heterogeneous sediments. Lines represent results from cation exchange modelling. b) Effect of 
increasing [Na+] on Sr2+ Kd values. Groundwater (GW) and seawater (SW) ionic strengths are highlighted in blue. 
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> 2 mm fraction was inert (Equation (4)) was assessed and shown to 
provide an extremely conservative approach to estimating Sr2+ Kd 
values for the bulk sediment, because sandstone clasts within the gravel 
fraction were highly porous and contained fine grained clays and iron 
oxides. Gravel corrections based on direct Specific Surface Area (via 
BET) also underestimated Kd. This was due to an effective maximum 
grainsize of 5.6 mm for BET analysis, which was insufficient to capture 
the additional surface area present in larger clasts. The closest estima-
tion of the bulk Kd was calculated using a surface area correction 
calculated by spherical grain assumptions using PSD data. Therefore, 
provided PSD data is available, Kd measurements from the < 2 mm 
fraction of heterogeneous sediments can be adequately corrected to 
provide useable estimates of Sr2+ Kd in the bulk materials. Equation (5) 
assumes that the average radius of gravel is 3 mm, based off Hanford 
sediment (Kaplan et al., 2000). Fig. 1 shows that the average radius of 
gravel for Sample C is 4 mm, this study suggests that other sites should 
parametrise using PSD to reflect the sample specific mean gravel radius 
in r< 2mm/r> 2mm of Equation (5). 

4.4. pH dependant sorption behaviour 

There was a significant difference between the pH dependent sorp-
tion behaviour of sediments with grainsizes comprising fine sands and 
silt, and those comprising mainly coarser sands and gravel. Sr2+ sorption 
at lower pH is predicted to be dominated by adsorption to the clay 
phases present (which have PZC values between pH 2–4; (Alvarez-Silva 
et al., 2010; Langmuir, 1997)). Hence fine-sand sized and silt sediments 
have a narrow adsorption edge between pH 3–4, and relatively constant 
high % sorption above pH 5. In contrast the predominantly 
coarser-grained and well-graded sediments have a broad Sr2+ sorption 
edge between pH 3–8, with the increase in sorption > pH 6 attributed to 
adsorption to iron oxide phases (Axe et al., 1998; Mendez and Hiemstra, 
2020; Small et al., 1999; Trivedi and Axe, 1999), which provide addi-
tional sorption sites in these relatively clay poor sediments. In terms of 
the Sr2+ Kd values derived from these experiments, it is clear that they 
are highly pH dependant and are only valid in a narrow range of pH. 
These sediments all buffer water pH to 6.5–7.0, (which is also typical for 
groundwater recovered from the UK Sellafield nuclear site (Cruick-
shank, 2012)), making this pH range the simplest and most reliable data 
to determine experimentally. However, groundwater pH does vary more 
widely across UK nuclear sites from slightly alkaline to mildly acidic 
(Thorpe et al., 2012). Empirical measurement of Sr2+ sorption outside a 
single pH range is impractical for routine characterisation. Although site 
specific empirical relationships can be adopted (i.e. variation in log Kd is 
approximately linear between pH 3–8), more commonly modelling ap-
proaches are used to predict sorption behaviour (Carroll et al., 2008; 
Missana et al., 2008; Wissocq et al., 2018) based on sediment properties. 

Modelling based on cation exchange simulates Sr2+ sorption as a 
function of pH by considering the exchange of surface bound Sr2+ with 
H+, as pH changes. The model assumes a homogenous surface with a 
specified number of sites (derived from the measured sediment CEC) and 
does not account for the effect of pH on mineral heterogeneity. A better 
model fit was produced by halving CEC values to account for the dif-
ference between the higher potential CEC determined at pH 8.1 in the Ba 
exchange method and the effective CEC present at lower pH values 
(Brady, 1984; Pansu, 2006). Cation exchange approaches provide 
reasonable estimates of the % sorption observed between pH 4–7 and 
reproduces higher sorption in fine grained sediments and lower sorption 
in coarser and more heterogeneous sediments. However, the increased 
sorption observed in the heterogeneous sediments above pH 7 was not 
reproduced. For these materials, a combined modelling approach was 
required that included both cation exchange and surface complexation 
processes. The surface complexation module was parametrised using the 
sediment Fe2O3 content measured by XRF. Here it was assumed that 
10% of the total Fe2O3 was present as reactive ferric oxides with the 
same surface properties as ferrihydrite (i.e. number of reactive sites). 

Inclusion of surface complexation allows for Sr2+ sorption to occur on 
amphoteric sites that become progressively more negatively charged 
between pH 6 and 9. In coupled cation exchange/surface complexation 
models for more heterogeneous sediments the proportion of Sr2+ pre-
dicted to be bound to amphoteric sites increases from ~20% to ~70% 
between pH 6–9, accounting for the increase in sorption observed for 
these sediments. Conversely in models of the finer grained sediments, 
surface complexation reactions were less important and predicted 
Sr2+sorption to the amphoteric sites only increased from ~5 to ~30% 
between pH 6–9. 

4.5. Ionic strength effects 

There was a strong ionic strength effect on Sr2+ sorption in all the 
sediment types used at pH 6.5–7.0. There is a linear relationship be-
tween measured log Kd values and log ionic strength that could be used 
to develop site specific empirical predictions for Sr2+ sorption as a 
function of solution ionic strength in similar sediments. Indeed, in the 
event of seawater flooding of coastal nuclear sites, inundation with high 
ionic strength water (~0.8 mol L− 1) could potentially result in up to 
90% Sr2+ remobilisation. Previous research reported that 90Sr associated 
with < 2 mm fractions from similar sediments rapidly desorbed under 
saline conditions (Eagling et al., 2013). In the current study, sorption 
decreased with increasing ionic strength as additional Na+ ions accu-
mulated on sediment surfaces (Sposito, 1984) and competed with Sr2+

for available adsorption sites. Previously a similar ionic strength effect 
on Sr-sorption was observed using Ca2+ (Wallace et al., 2012) but at 
lower solution concentrations due to the doubly charged Ca2+ ion. A 
cation exchange model was therefore used to simulate the exchange of 
Sr2+ by Na+ using generic exchange constants (Appelo and Postma, 
2004), and parameterised using the sediment CEC values. The model 
results are broadly in line with the experimental data and reproduces the 
higher Sr2+ sorption observed in homogeneous fine grained sediments 
compared to coarser grained and more heterogeneous sediments. The 
model also reproduces the convergence in % Sr2+ adsorbed at high ionic 
strength. However, the model tends to slightly over predict % sorption at 
low ionic strength (probably related to the use of generic exchange 
constants), and under predict the amount of sorption at high ionic 
strength. This may indicate the presence of non-exchangeable sorption 
sites. In contrast to fully exchangeable outer-sphere sorption to clay 
minerals, Sr2+ sorption to iron oxides is reported to have an inner-sphere 
component that is unaffected by ionic strength (Langley et al., 2009). 
Therefore, sorption of Sr2+ to iron oxides, as predicted in the coupled 
cation exchange/surface complexation models used above could ac-
count for the small amount of residual Sr sorption observed in all sedi-
ment types above 0.5 mol L− 1 total ionic strength. 

5. Conclusions 

A linear Kd model could be applied to Sr2+ sorption in a range of 
heterogeneous aquifer sediments tested in batch experiments up to 
equilibrium Sr concentrations of 0.28 × 10− 3 mol L− 1. Gravel fractions 
(where present) contained porous sandstone clasts containing both clays 
and iron oxides, which are not inert with respect to Sr2+ sorption. 
Therefore, for heterogeneous gravel-containing sediments, bulk Kd 
could be determined directly in larger scale experiments, but also be 
estimated from Kd of the < 2 mm fractions, using appropriate gravel 
corrections based on the sediment PSD. Sr2+ sorption was highly pH and 
ionic strength dependant, with lower sorption occurring in both acidic 
pH and high ionic strength solutions. The pH and ionic strength effects 
could be modelled as coupled cation exchange/surface complexation 
processes that take into account outer-sphere adsorption to clay min-
erals at pH 3–6 and a variable iron oxides adsorption component at > pH 
6. These results show that the reactive transport behaviour of 90Sr2+ in a 
range of heterogeneous aquifer sediments can potentially be predicted 
using existing Kd measurements (that have been made on the < 2 mm 
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fraction) provided other sediment characterisation data such as the bulk 
PSD and CEC are also available. 
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