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Enhancing in situ biodegradation in groundwater using pump and treat remediation: a proof of concept 1 

and modelling analysis of controlling variables. 2 

Luther M. Brown1*, Steven F. Thornton1, Domenico Baú1 3 

Abstract 4 

A remediation approach which uses pump and treatment (PAT) to enhance the biodegradation of organic 5 

contaminants by increasing dispersive mixing between plumes and groundwater was evaluated for a phenol-6 

contaminated aquifer, using a reactive transport model which simulates kinetic reactions between an electron 7 

donor (ED) in the plume and electron acceptor (EA) in the groundwater. The influence of system design and 8 

operation was examined in six modelling scenarios. Injection or extraction of groundwater increases 9 

biodegradation above no action and the location, pumping rate and distance between well(s) are important 10 

variables which influence biodegradation. An increase in pumping rate, distance of the wells from the plume 11 

centreline and changing the flow direction increases dispersive mixing between the plume and groundwater. This 12 

increases plume spreading and the plume fringe interface, providing a greater flux of dissolved EAs for 13 

biodegradation. In general, injection of groundwater containing natural EAs enhances biodegradation more than 14 

extraction. The enhancement of biodegradation is sensitive to the relative fluxes of ED and EA, as controlled by 15 

the arrangement of the wells. In the best performing scenario, biodegradation was enhanced by 128%, compared 16 

with no action.  17 
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1. Introduction 28 

Groundwater contamination by organic compounds is a major global problem, with at least 300,000 sites in the 29 

U.S. alone requiring remediation at an estimated cost of US$ 127B (NRC, 2013). There are a comparable number 30 

of contaminated sites in Europe that require remediation (Antelmi et al., 2020). A significant number of sites are 31 

unlikely to reach remediation targets within 50-100 years. For example, pump and treat (PAT) systems installed 32 

at US Superfund sites in the 1990s are still operating today, with current systems expected to have comparable 33 

operational timescales (USEPA, 2021).  34 

PAT is most often used for hydraulic manipulation of contaminant plumes (source control/reduction and plume 35 

containment to prevent expansion or offsite migration), to reduce contaminant concentrations in situ, or to remove 36 

dissolved and mobile free-phase contaminant mass in groundwater for treatment (Mackay and Cherry, 1989; 37 

USEPA, 1990; 1996; Cohen et al., 1997; Suthersan et al., 2015; Truex et al., 2017; Speight, 2020). PAT is used 38 

to treat a wide range of contaminants, including coal tar distillates, phenols, polycyclic aromatic hydrocarbons, 39 

heterocyclic aromatic compounds, fuel hydrocarbons, and chlorinated solvents (Truex et al., 2017; Speight, 2020), 40 

and is most effective for the removal of contaminants in alluvial aquifers with relatively homogenous 41 

hydrogeological properties (USEPA, 1990; 1996; NRC, 2013). The limitations of PAT are well known and in 42 

more complex aquifers contaminant sorption-desorption hysteresis, free-phase dissolution kinetics and/or matrix 43 

diffusion may affect the effectiveness and application of this technology (Keely, 1989; USEPA, 1990; 1996; 44 

Cohen et al., 1997; McDade et al., 2013; NRC, 2013; Truex et al., 2017; Guo et al., 2019; Speight, 2020). 45 

Consequently, PAT systems are often used in combination with other remediation techniques to achieve clean-up 46 

goals at contaminated sites (USEPA, 1990; 1996; Cohen et al., 1997; Bayer et al., 2004; CRC CARE, 2019). 47 

Natural attenuation (NA) is a risk-based remediation method, wherein the combined effect of naturally occurring 48 

physical, chemical and biological processes are used to treat contaminants in situ (Wiedemeier et al., 1999). 49 

Biodegradation is typically the most important process for organic contaminant attenuation (Bauer et al., 2009; 50 

Meckenstock et al., 2015). In contaminated groundwater, the plume fringe is a zone of enhanced biodegradation 51 

activity at the interface between the background groundwater and contaminant plume, driven by the dispersive 52 

mixing of electron acceptors (EA) in groundwater with biodegradable organic compounds in the plume (Thornton 53 

et al., 2001a,b; 2014; Jones et al., 2002; Tuxen et al., 2006; Bauer et al., 2009). As the length scale of dispersion 54 

is small relative to the size of a contaminant plume, reactions are limited to a narrow region at the plume fringe 55 

where the substrate and EAs mix (Reising, 2018; Sather et al., 2022; 2023). Biodegradation in plumes is limited 56 
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by dissolved EA availability and aquifer dispersivity (Cirpka et al., 1999; Lerner et al., 2000; Thornton et al., 57 

2001a; Jones et al., 2002; Tuxen et al., 2006; Sather et al., 2022; 2023), but can be increased if the supply (i.e. 58 

mass flux) of EAs into the plume can be increased by promoting mixing of the background groundwater and 59 

plume. Solute mixing in porous media can be enhanced by increasing the magnitude of dispersion, principally by 60 

controlling the flow velocity (Bagtzoglou and Oates, 2007; Werth et al., 2006; Ye et al., 2015; Neupauer et al., 61 

2020). Furthermore, dispersive mixing of reactants can occur due to anisotropy, hydraulic conductivity contrasts 62 

between porous media, chaotic advection, flow-folding and flow focusing in high permeability zones (Bagtzoglou 63 

and Oates, 2007; Werth et al., 2006; Eckert et al., 2012; Piscopo et al., 2013; Ye et al., 2015; 2021; Xu et al., 64 

2018; Suk et al., 2021; Sather et al., 2023). Consequently, biodegradation can be increased under conditions which 65 

enhance the flow velocity and/or dispersion (Werth et al., 2006; Bauer et al., 2009). Hence, the PAT system may 66 

be used to address mass transport limits on in situ biodegradation, by suitable modification of the ambient flow 67 

field to enhance dispersive mixing of solutes. 68 

Previously, Thornton et al. (2014) demonstrated at the field scale that the biodegradation of phenolic compounds 69 

can be increased by a PAT well pumping at the plume fringe. In that study, the in situ biodegradation rate of 70 

phenolic compounds at the plume fringe doubled over a 3-year period during operation of the PAT (groundwater 71 

extraction rate of 6-50 m3/d). This was achieved by reducing the concentration of phenolic compounds in the 72 

plume which inhibit biodegradation (dilution of plume contaminants) and increasing the dispersive mass flux of 73 

dissolved EAs into the plume from the background groundwater (induced by the elevated pumping rates) and 74 

surface area of the plume fringe interface for biodegradation. This study therefore showed that it is possible to 75 

combine PAT with NA to improve remediation performance, by suitable modification of the ambient flow field 76 

to enhance dispersive mixing of solutes, although this is logically influenced by the design of the PAT system 77 

(e.g. injection/extraction well locations and spacing, pumping rate and duration).  78 

Given the limitations of conventional PAT systems, the integration of these with other remediation techniques is 79 

recommended to enhance its effectiveness (USEPA, 1990; 1996; 2021). However, while guidelines exist for the 80 

deployment of conventional PAT systems (e.g. Cohen et al, 1997; USEPA, 1990; 1996; 2021), there is currently 81 

no technical basis to support the development of an integrated PAT and NA system (as proposed herein) for 82 

contaminated groundwater remediation. The motivation for this research is to explore the scientific basis for 83 

integrating PAT with NA as a remediation concept. The novelty of the study lies in the synergy of combining the 84 

two technical approaches of PAT with NA to increase mass biodegradation relative to mass extraction by the PAT 85 



 

4 

 

well(s), over that possible with PAT alone. While well location, pumping rate and injection/extraction strategies 86 

are known to influence remediation performance in these separate contexts, this has not been formally considered 87 

in their combined application. The aim of this study is therefore to examine this approach as a proof of concept 88 

and to understand the influence of operational variables, such as well location, pumping strategy and rate, on PAT 89 

performance to enhance the in situ biodegradation of organic contaminants in groundwater for remediation and 90 

plume management. The specific objectives are to:  91 

(a) Analyze the effect of well location, pumping rate and pumping strategy on mass removal and biodegradation;  92 

(b Identify strategies which increase the mass biodegraded relative to the total contaminant mass extracted; and 93 

(c) Investigate the effectiveness of a PAT system that combines extraction and injection of groundwater. 94 

The approach is evaluated at a site on a UK sandstone aquifer contaminated with a plume of phenolic compounds, 95 

in which a PAT system has been installed for plume management (Baker et al., 2012; Thornton et al., 2014). 96 

Phenol is a common groundwater contaminant from many industrial processes (e.g. wood preservation plants, 97 

organic chemical manufacturing, coal tar processing, gasworks) and is used as a candidate organic contaminant 98 

in this study.  99 

2. Theoretical and conceptual considerations relating to plume fringe development 100 

Biodegradation processes are characteristically spatially distributed in organic contaminant plumes (Gutierrez-101 

Neri et al., 2009; Thornton, 2019; van Leeuwen et al., 2022) and the presence of a bioreactive fringe in 102 

groundwater plumes has been known for decades (Dakins et al., 1996; Schmieman et al., 1997). In recent years 103 

the plume fringe vs plume core concept has been proposed to explain biodegradation in contaminant plumes 104 

(Prommer et al., 2006; Meckenstock et al., 2015; McLeod et al., 2018), complementing the classical conceptual 105 

model of longitudinal redox zonation (e.g. Chapelle, 2000; Christensen et al., 2000; Cribbin et al., 2014).  106 

The plume fringe is a dynamic interface between the background groundwater and plume, marked by large solute 107 

counter concentration gradients which promote transverse dispersion and mixing between electron donors (e.g. 108 

organic contaminants) and dissolved electron acceptors (e.g. O2 and NO3) in these chemically different waters. 109 

The gradients in geochemical species influence the microbial community composition and distribution of 110 

microorganisms across the plume fringe, which in turn can determine the potential for biodegradation of specific 111 

contaminants in groundwater (Tuxen et al., 2006; Winderl et al., 2008; Prommer et al., 2009; Anneser et al., 2010; 112 

Brad et al., 2013; Rizoulis et al., 2013; Larentis et al., 2013; Pilloni et al., 2019). This feature has been 113 
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demonstrated in many field and modelling studies (e.g. Lerner et al., 2000; Mayer et al., 2001; Thornton et al., 114 

2001b, 2014; van Breukelen and Griffioen, 2004; Chu et al., 2005; Watson et al., 2005; Prommer et al., 2006, 115 

2009; Maier et al., 2007; Anneser et al., 2008; Cribbins et al., 2014; McLeod et al., 2018) and is a zone of 116 

significantly increased microbial activity (Tuxen et al., 2006; Jobelius et al., 2011; Brad et al., 2013; Rizoulis et 117 

al., 2013; Fahrenfeld et al., 2014; Eckert et al., 2015) relative to other locations in plumes.  118 

Conversely, anaerobic biodegradation in the plume core, which includes methanogenesis and respiratory 119 

processes using Mn, Fe, and SO4 as EAs, is generally less important for contaminant mass removal than 120 

biodegradation at the plume fringe (Meckenstock et al., 2015; Thornton, 2019). In stationary plumes, this occurs 121 

due to depletion of dissolved EAs at the source, ongoing microbial activity and energetically slower reaction rates 122 

for these processes in the plume core (Cribbins et al., 2014; Eckert et al., 2015; Meckenstock et al., 2015; van 123 

Leeuwen et al., 2022). While the plume fringe is characteristically very narrow (e.g. < 1 m, and dependent on 124 

sampling resolution), it is a zone of enhanced biodegradation and biotransformation for many contaminants, 125 

including phenols (Lerner et al, 2000; Pickup et al., 2001; Thornton et al., 2001a; Baker et al., 2012; Rizoulis et 126 

al., 2013), gasoline hydrocarbons and oxygenate compounds (Day and Gulliver, 2003; Spence et al., 2005; 127 

Thornton et al., 2011), phenoxy acid herbicides (Prommer et al., 2006; Tuxen et al., 2006), (poly)aromatic 128 

hydrocarbons and tar oil compounds (Prommer et al., 2009; Anneser et al., 2010; Amos et al., 2011; Pilloni et al., 129 

2019; van Leeuwen et al., 2022), NSO-heterocyclic compounds (Salowsky et al., 2012), chlorinated compounds 130 

(Olaniran et al., 2008), nutrients (Lorah et al., 2009), ethanol (McLeod et al., 2018) and metals (Schmieman et al., 131 

1997). Furthermore, the cycling of redox species between dissolved and mineral-based forms at the plume fringe, 132 

involving both biologically catalysed and abiotic reactions, is an important process influencing the fate of many 133 

organic and inorganic contaminants in groundwater plumes (Spence et al., 2001; Topinkova et al., 2007; 134 

Vencelides et al., 2007; Einsiedl et al., 2015). 135 

The development of the plume fringe is strongly affected by spatio-temporal variation in the local velocity field, 136 

which influences the extent of dispersive mixing and plume spreading. Mixing is controlled by molecular diffusion 137 

and small (pore)-scale hydrodynamic dispersion, which results in the smoothing of solute concentration gradients 138 

across the plume fringe interface (Piscopo et al., 2013; Neupauer et al., 2020). Mixing of contaminants and EAs 139 

by transverse dispersion is rate limiting for overall biodegradation in steady-state plumes (Cirpka et al., 1999, 140 

2006; Chu et al., 2005; Cribbins et al., 2014; Eckert et al., 2012, 2015; Meckenstock et al., 2015; Xu et al., 2018). 141 

Spreading involves reconfiguration of the plume geometry by both passive and active mechanisms. Passive 142 
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spreading (manifested as macrodispersion) results from variation in natural flow velocity caused by heterogeneity 143 

in the aquifer hydraulic conductivity distribution (Cirpka et al., 2006). Conversely, active spreading results from 144 

variation in the velocity field induced by unsteady flows created by pumping, for example engineered injection 145 

and extraction (Piscopo et al., 2013; Neupauer et al., 2020). Spreading the plume promotes mixing by increasing 146 

the solute concentration gradients and contact area between the compositionally different waters at the interface, 147 

both of which increase mass flux by diffusion (Cirpka et al., 2006; Piscopo et al., 2013; Ye et al., 2021; Sather et 148 

al., 2022). Importantly, active spreading enhances mixing and reaction through both longitudinal and transverse 149 

dispersion (Sather et al., 2023). However, while longitudinal dispersion in the direction of groundwater flow is an 150 

important mixing process and is higher in magnitude than transverse horizontal and vertical dispersion, mixing 151 

due to local-scale transverse dispersion may control the reactive behaviour of interacting compounds on the 152 

aquifer-scale (Cirpka et al., 1999, 2006; Ye et al., 2015; Neupauer et al., 2020). In general, steady-state plume 153 

lengths are inversely correlated with aquifer bulk transverse dispersivity, but transverse mixing at the plume fringe 154 

can successfully constrain plume migration (Cirpka et al., 2006; Chu et al., 2005). 155 

3 Methodology 156 

3.1 Study site 157 

The considered field site is a fine-grained, unconfined, fluviatile, sandstone bedrock aquifer located underneath a 158 

former coal tar distillation plant in UK. The site has been extensively investigated over 25 years, with studies on 159 

the interpretation of groundwater contamination (Williams et al., 2001), redox processes and contaminant 160 

biodegradation (Thornton et al., 2001a; 2014; Wu et al., 2006; Baker et al., 2012;), aquifer stable isotope 161 

geochemistry (Spence et al., 2001), aquifer microbiology (Pickup et al., 2001; Elliot et al., 2010; Rizoulis et al., 162 

2013; Mujica-Alarcon et al., 2021), plume mass balance (Thornton et al., 2001b) and reactive transport modelling 163 

(Mayer et al., 2001; Watson et al., 2005). The site history, summarised here, is described in detail in Williams et 164 

al. (2001).  165 

A mixed plume of phenolic compounds (primarily phenol, cresols and xylenols) extends approximately 700 m 166 

down hydraulic gradient of the site, with an estimated width of 150 m and depth of 60 m. Groundwater flow is 167 

westerly, with a pore velocity between 4-11 m/year, consistent over the history of the plume. Vertical flow due to 168 

groundwater recharge is also important (Table 1). Previous investigations have identified a heterogeneous 169 

distribution of phenolic compounds and biogeochemical processes responsible for their biodegradation within the 170 

plume (Thornton et al, 2001a). The plume is anchored by a dense non-aqueous phase liquid (DNAPL) source, 171 
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with concentrations of individual phenolic compounds (e.g., phenol) reaching 25,000 mg/l. Considering this, and 172 

to reduce the complexity of the numerical model, phenol was selected as a representative organic contaminant for 173 

the simulations and the concentrations of all other phenolic compounds were converted into equivalent phenol 174 

concentrations.  175 

Previous studies have shown that the phenolic contaminants are biodegraded by several processes, with most mass 176 

loss (>90%) arising from consumption of oxygen and nitrate in the groundwater (Lerner et al., 2000; Thornton et 177 

al., 2001a,b; Mayer et al., 2001; Jones et al., 2002; Watson et al., 2005). For this reason, the modelling scenarios 178 

were developed to assess the contribution of these two EAs to biodegradation, as influenced by the PAT system.   179 

3.2 Flow and reactive transport model  180 

A 3-D flow and transport model was developed using the input data in Table 1. Groundwater flow is governed by 181 

the classical PDE: 182 

𝜕𝜕𝑥 (𝐾𝑥𝑥 𝜕ℎ𝜕𝑥 ) + 𝜕𝜕𝑦 (𝐾𝑦𝑦 𝜕ℎ𝜕𝑦 ) + 𝜕𝜕𝑧 (𝐾𝑧𝑧 𝜕ℎ𝜕𝑧 ) + 𝑊 = 𝑆𝑠 𝜕ℎ𝜕𝑡  
Eq 1 

where Kxx, Kyy, and Kzz are hydraulic conductivity along the x, y, and z coordinate axes (L/T); h is the hydraulic 183 

head (L); W is a volumetric flux per unit volume representing sources and/or sinks, such as recharge and wells 184 

(1/T); 𝑆𝑠 is the specific storage of the porous material (1/L); and t is time (T). The model is isotropic (𝐾𝑥𝑥 =185 𝐾𝑦𝑦 = 𝐾𝑧𝑧) and heterogeneous, with hydraulic conductivity generally increasing with depth (Figure 1). The 186 

groundwater flow system was set to transient. Equation 1 is solved using MODFLOW-2005 (Harbaugh et al., 187 

2005), based on a finite different grid characterized by 241 columns, 201 rows, and 51 layers, with a grid-block 188 

size of 5m × 5m × 5m. The flow model is by characterized by a constant head boundary condition on the east and 189 

west (see Figure 1), with groundwater recharge applied to the water table (Table 1). Other boundaries are set as 190 

“no flow”. MODFLOW-2005 calculates the pore velocity field (𝒗 = − 𝐾𝜙 ∙ 𝛻ℎ, where 𝜙 is the effective porosity), 191 

which is then used in the multispecies reactive contaminant transport simulator MT3D-USGS (Bedekar et al., 192 

2016) to solve a system of coupled partial differential equations, each of which represents the mass continuity for 193 

the species simulated: 194 

∇(𝜙 ∙ 𝐃 ∙ ∇𝐶𝑖) − ∇(𝜙 ∙ 𝐯 ∙ 𝐶𝑖) + q𝑠,𝑖 ∙ 𝐶𝑠,𝑖 + 𝑅𝑖 = 𝜕(𝜙 ∙ 𝐶𝑖)𝜕𝑡  
Eq 2 



 

8 

 

where 𝐶𝑖 is the concentration of species 𝑖 [M/L-3], 𝐃 is the hydrodynamic dispersion tensor [L2/T1], q𝑠,𝑖  [M/L3] 195 

represents the specific discharge for species 𝑖, 𝐶𝑠,𝑖[M/L3] represents the concentration of sources for species 𝑖, 196 

and 𝑅𝑖 represents the reaction rate of species 𝑖 [M/L3/T1]. In this case, there are three species (𝑖 = 1,2,3), and the 197 

term 𝑅𝑖 depends on ongoing kinetic reactions occurring between 1 electron donor (ED) and 2 electron acceptors 198 

(EAs), simulated using a Monod kinetic model developed by Lu et al. (1999), following approaches used in 199 

previous studies (Rolle et al., 2008). The stoichiometric reactions between phenol (𝐶6𝐻6𝑂), which is the ED, and 200 

the two EAs, oxygen (𝑂2) and nitrate (𝑁𝑂3−), are described by the following equations: 201 

(a) 𝐶6𝐻6𝑂 + 7𝑂2 → 6𝐶𝑂2 +  3𝐻2𝑂 

 

               

                   Eq 3 

 

(b)  𝐶6𝐻6𝑂 + 285 𝑁𝑂3− +  285 𝐻+ → 6𝐶𝑂2 + 145 𝑁2 + 295 𝐻2𝑂 

Eq 3 and 4 are presented to illustrate the stoichiometry of the reactions which are considered in Eq 6.  

 

Eq 4 

The rate of ED biodegradation (𝑖 = 1 in Eq. 2) is given by (Lu et al., 1999): 202 

𝑟𝐸𝐷 = ∑ 𝑟𝐸𝐷,𝑗2𝑗=1 =  − { 𝑘𝐸𝐴1 ∙ [𝐸𝐴1]𝐾𝐸𝐴1 + [𝐸𝐴1] + 𝑘𝐸𝐴2 ∙ [𝐸𝐴2]𝐾𝐸𝐴2 + [𝐸𝐴2] ∙ 𝐾𝐼,𝐸𝐴1𝐾𝐸𝐴1 + [𝐸𝐴1]} ∙ [𝐸𝐷] Eq 5 

where [𝐸𝐷], [𝐸𝐴1], and [𝐸𝐴2] represent the concentration of the ED and the two EAs (M/L3), respectively; 203 𝑘𝐸𝐴1and 𝑘𝐸𝐴2  are first-order decay rate constants for the EAs (1/T); 𝐾𝐸𝐴1  and 𝐾𝐸𝐴2 are the “half saturation” 204 

constants for the EAs (M/L3); 𝐾𝐼,𝐸𝐴1  (M/L3) is the inhibition constant for the first EA, oxygen, which has the 205 

highest Gibbs free energy (Christensen et al., 2000). Correspondingly, the rate of consumption of the two EAs, 206 

which affects the concentration of the EAs, (𝑖 = 2,3 in Eq. 2) is given by: 207 

𝑟𝐸𝐴𝑗  =   𝑌𝐸𝐴𝑗 ∙ 𝑟𝐸𝐷  Eq 6 

where 𝑌𝐸𝐴𝑗(𝑗 = 1,2) is the yield coefficient for the EA, that is, the EA mass used per ED unit mass biodegraded, 208 

calculated from the stoichiometry in Eqs. 3 and 4 (Table 1).  209 

The mass biodegraded is obtained by integration of the rate of ED biodegradation 𝑟𝐸𝐷 (Eq 5) over the model 210 

domain for the remediation period 𝑇, that is:  211 
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𝑀𝑏𝑖𝑜(𝑇) = ∫ [∫ 𝜃 ∙ 𝑟𝐸𝐷 ∙ 𝑑ΩΩ ]𝑇
𝑡=0  𝑑𝑡  Eq 7 

where Ω represents the 3D model domain,  𝜃 (/) is the effective porosity, 𝑟𝐸𝐷 (M/L3/T) is the biodegradation rate 212 

(Eq 5). This integral is numerically calculated over the model grid and the discretization of the time interval [0, 𝑇] 213 

adopted in the flow and transport simulation.  214 

3.3 Model development and scenarios 215 

The flow and reactive transport models presented in Section 3.2 were used to create a hypothetical phenol plume 216 

using data on the physical aquifer characteristics obtained from previous site investigations conducted by third 217 

party consultants (Table 1), and research published over the past 25 years (Mayer et al., 2001; Thornton et al., 218 

2001b; Watson et al., 2005). The rationale behind using this approach was not to interpret the actual contamination 219 

conditions at the site, but to instead develop a model that is internally coherent and consistent. This enabled a 220 

hypothetical but realistic example model to be created, with results that can be extended to other sites with similar 221 

characteristic and/or contaminated with coal tar distillate plumes (e.g. Blum et al., 2011).  222 

Figure 1 shows a contaminant plume simulated with this model. This is in excellent agreement with plumes 223 

produced in other studies at the site using the same dataset (Mayer et al., 2001; Watson et al., 2005), and is similar 224 

to the concentration distribution observed in monitoring surveys conducted at the same time (Williams et al., 225 

2001; Thornton et al., 2001b). To create the numerical model, a regional model with local canals and pumping 226 

stations was developed based on data from confidential third-party consultant reports. Recharge was estimated 227 

from effective infiltration and applied to the water table. Initial simulations revealed that the most important 228 

parameters for the transport model are recharge and hydraulic conductivity. These initial simulations also revealed 229 

that the groundwater flow in a 1.2 km2 square area encompassing the plume is steadily east to west, which is 230 

supported by site data. Therefore, the original regional flow model was then cropped to a size appropriate for 231 

simulating the range of hydraulic gradients observed at the site (horizontal hydraulic gradient of 0.003-0.007). 232 

The eastern and western constant head boundary conditions of 103m and 98m, which were acquired from previous 233 

groundwater monitoring at the site, were used to simulate the average horizontal hydraulic gradient for the site 234 

(0.004). The north and south boundaries are simulated as general head boundaries with linearly decreasing head 235 

from east to west, and the bottom boundary is no flow. The contaminant source consists of DNAPL (coal tar) 236 

trapped within shallow groundwater at the site, which was simulated as a single 5x5x5 m3 cell (the source term is 237 

unknown). In order to generate a plume comparable to that observed at the site, the release of phenols from the 238 
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source was simulated at 1344 mg/d over 70 years. This was determined to give the corresponding concentration 239 

distribution in the aquifer, with a maximum dissolved concentration of 25,000 mg/l (similar to the source zone) 240 

and total plume mass of 34,000 kg. The source was then assumed to be removed (as per conventional remediation 241 

practice) before PAT operations commenced (Cohen et al., 1997). As the magnitude of dispersion is a function of 242 

the aquifer dispersivity (Ye et al., 2015), values of this coefficient were taken from previous modelling studies at 243 

the site (Table 1), which were of the same order as those estimated in other studies (e.g. Cirpka et. al., 1999, 2006; 244 

Cupola et al., 2015; Reising, 2018).  245 

Based on the work of Williams et al., (2001) and Thornton et al., (2001 a,b), the nitrate concentration in 246 

groundwater at the site varies slightly along the depth, decreasing from 106 mg/l to 91 mg/l between 5-60 mgbl. 247 

However, the dissolved oxygen concentration decreases from 9 mg/l to 4.5 mg/l over the same depth interval. 248 

These solute profiles were included in the layers for the initial concentration and eastern constant head boundary 249 

to develop the spatially variable inputs of EAs in the model. Note that the EA concentrations used correspond to 250 

those of the background groundwater (Table 1). In some of the investigated scenarios, groundwater with this EA 251 

composition is injected into the aquifer, with the suffix “GW” to denote the results. In other scenarios, 252 

groundwater without EAs (with the suffix “GWWEA”), was injected. Monod parameter values from previous 253 

studies were used for the kinetic reaction component of the model (Mayer et al., 2001; Watson et al., 2005). Based 254 

on unpublished calculations of the reaction rates, the most important parameters that are subject to change in space 255 

and time are the ED and EA concentrations. The other Monod parameters are constant. See Figure 1 for more 256 

details.  257 

Six numerical modelling scenarios (experiments) were developed for this study (Table 2). Scenario A depicts a 258 

longitudinal, vertical cross section of the plume, whereas scenarios B-F depict horizontal cross-sections with wells 259 

positioned laterally from the idealised plume centreline and/or on it. The pumping rate (Ǭ) can be negative 260 

(extraction) or positive (injection). The performance of the system in each scenario was compared using ratios of 261 

total phenol mass removed (Mrem) to initial phenol mass (M₀), Mrem/M₀. Mrem has two components, Mbio, the mass 262 

of phenol biodegraded, and Mext, the mass of phenol extracted. Hence, Mrem = Mbio + Mext. Normalizing Mbio and 263 

Mext to the initial plume mass, M0, allows the results to be compared directly and shows the relative contribution 264 

of mass removal by each process.   265 

For all scenarios except Scenario A the well screen is 5-m long and located approximately 70 mbgl. This pumping 266 

depth has the highest aquifer hydraulic conductivity and was selected to allow for higher pumping rates. The wells 267 
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in each scenario are pumping for a period 𝑇 of 10 years. The simulations within each scenario are carried out 268 

independently to prevent the effects of previous simulations interfering with subsequent results. For all 269 

groundwater (suffix GW) injection sub-scenarios, groundwater with a concentration of 9.28 mg/l of oxygen and 270 

105 mg/l of nitrate (aquifer concentration) was injected. For groundwater without EA (suffix GWWEA) injection 271 

scenarios, no EAs are injected. Simulations in each scenario were carried out until the value of Mrem/M0 or 272 

biodegradation began to decrease. For scenarios where Mrem/M0 and biodegradation did not increase, they were 273 

capped at 7 simulations, as this was sufficient to evaluate the trend. In all, 68 simulations were conducted.  274 

The following controlling variables were tested in several scenarios, adjusting each for (i) well locations in the 275 

longitudinal and transverse horizontal planes, (ii) pumping rates, (iii) effectiveness of an injection vs extraction 276 

well, (iv) impact of increasing the pumping rate for 2 wells, (v) impact of increasing the transverse horizontal 277 

distance between 2 pumping wells with a constant pumping rate, and (vi) the impact of an injection and extraction 278 

well in the same scenario. The aim of these scenarios was to determine strategies which increase Mbio/M0 while 279 

decreasing or minimizing Mext/M0. 280 

Scenario A investigates the effect of extraction well location along the plume flow path on the enhancement of 281 

biodegradation in situ (Table 2A). A single extraction well located in the plume interior/centreline is tested in 4 282 

simulations which span the length (L) of the plume. Since the plume flow path is diving to recharge, the plume 283 

centreline changes with longitudinal distance and the depths of the well screens change accordingly (between 10 284 

and 70 mbgl) for each simulation to keep the well within the plume interior. The variable in this scenario is L (the 285 

x location), which begins at the plume front at 200 m, and is increased by 200 m until near the plume source, at 286 

800 m. The well extracts groundwater at -30 m3/d for 10 years. It is hypothesized that Mbio/M0 and Mext/M0 will 287 

increase as longitudinal distance trends to 800 m.  288 

Scenario B investigates the effect of pumping rate on the enhancement of biodegradation in situ (Table 2B). The 289 

well is consistent for all simulations, located 15m from the plume centreline/interior and at the plume fringe. This 290 

scenario has three sub-scenarios: extraction, injection of groundwater without electron acceptors (GWWEA), and 291 

injection of groundwater (GW) with the peak concentration of EAs found in the aquifer. The sub-scenarios are 292 

labelled as B-Ext, B-GWWEA, and B-GW in Figure 4a. For each sub-scenario, the pumping rate of the well is 293 

varied from 5 to 100 m3/d. Seven simulations are run for each sub-scenario. The purpose of having separate 294 

groundwater injection scenarios (with and without EAs) is to observe the effect of only plume fringe 295 

biodegradation processes, as there is no biodegradation within the plume core when GWWEA is injected. The 296 
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variable tested is the effect of the pumping rate, the constant well location at the plume fringe and the type of 297 

groundwater injected. These are compared with the no-action case, other scenarios, and among the sub-scenarios. 298 

The first simulation in Scenario B-Ext is comparable to Scenario A at 800 m, as they have the same pumping rate; 299 

the only variable that changes is that the well in Scenario B-Ext is 15 m further away from the plume centreline 300 

than in Scenario A at 800 m; thus, the impact of distance can be compared. The difference between pumping at 301 

the plume centre vs plume fringe was determined in this comparison. It is hypothesized that Mbio/M0 for Scenario 302 

B will increase with pumping rate. Mext/M0 will increase with pumping rate only for Scenario B-Ext. 303 

Scenario C investigates the effect of lateral well location on the enhancement of biodegradation in situ (Table 2C). 304 

The scenario has three sub-scenarios: extraction, injection of groundwater without electron acceptors (GWWEA), 305 

and injection of groundwater (GW) with the peak concentration of EAs found in the aquifer. The sub-scenarios 306 

are labelled as C-Ext, C-GWWEA, and C-GW in Figure 4a. The purpose of having separate groundwater injection 307 

scenarios (with and without EAs) is to compare the effect of plume fringe vs core biodegradation processes, as 308 

there is no biodegradation within the plume core when GWWEA is injected. Six simulations are run for each sub-309 

scenario. The only changing variable is the north horizontal transverse distance to the plume interior/centreline, 310 

which is varied by 20 m each step and then by 10 m for the final two steps. Since Scenario C starts at the plume 311 

centreline (d = 0 m), this specific simulation is directly comparable to Scenario A at 800 m; thus, the impact of 312 

varying longitudinal vs lateral distance can be directly compared. It is hypothesized that for Scenario C-Ext, 313 

Mbio/M0 will increase and Mext/M0 will decrease as lateral distance from the plume centreline increases. For 314 

Scenario C-GWWEA and C-GW, only Mbio/M0 are expected to increase. Therefore, the relevant comparison 315 

between Scenario B-Ext and Scenario A at 800 m is the effect of the change in pumping rate. 316 

Scenario D investigates the effect of variable pumping rate for two extraction wells on the enhancement of 317 

biodegradation in situ (Table 2D). The extraction wells are located 15m north and south of the plume centreline 318 

(cumulative 30 m lateral distance). The pumping rate is split between the two wells and is varied from 5 to 100 319 

m3/d. This scenario is essentially the same as Scenario B-Ext, except with an extra well. The cumulative pumping 320 

rate in Scenario D is kept identical to Scenario B-Ext so that the effect of an additional well can be directly 321 

compared. It is hypothesized that Mbio/M0 and Mext/M0 will increase with the pumping rate. 322 

Scenario E investigates the effect of lateral distance between two extraction wells on the enhancement of 323 

biodegradation in situ (Table 2E). This scenario is identical to Scenario D, except that the lateral distance between 324 

the two extraction wells changes during each simulation and the cumulative pumping rate is kept constant. The 325 
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distance between the wells starts at 30 m and is increased by 30 m during successive simulations to a maximum 326 

of 90 m. A cumulative pumping rate of -60 m3/d was chosen, which is comparable to the mid-range pumping rate 327 

in Scenario D and Scenario B. It is hypothesized that Mbio/M0 will increase and Mext/M0 will decrease as the 328 

distance between the two wells increases. 329 

Scenario F investigates the effect of lateral distance of a doublet injection and extraction well on the enhancement 330 

of biodegradation in situ (Table 2F). This scenario has two sub-scenarios: extraction combined with injection of 331 

groundwater without electron acceptors (GWWEA) and extraction combined with injection of groundwater (GW) 332 

with the peak concentration of EAs found in the aquifer. The sub-scenarios are labelled as F-GWWEA and F-GW 333 

in Figure 4a. The purpose of having separate groundwater injection scenarios (with and without EAs) is to observe 334 

the effect of plume fringe vs plume core biodegradation processes, as there is no biodegradation within the plume 335 

core when GWWEA is injected. The lateral distance between the injection and extraction well starts at 15m and 336 

is increased by 15m with subsequent simulations, to a maximum of 105m. As with Scenario D, the effect of lateral 337 

distance in well spacing is investigated. However, this scenario differs in that one well is an injection well, which 338 

may increase plume spreading (and therefore biodegradation) to a greater degree due to the divergent flows caused 339 

by injection. The pumping rates are kept constant at 30 and -30 m3/d for the injection and extraction wells, 340 

respectively. It is hypothesized that using an injection and extraction well doublet will increase spreading of the 341 

plume and enhance Mbio/M0 greater than a scenario in which this is done with two extraction wells, and Mext/M0 342 

will decrease as the lateral distance between the two wells increases. 343 

An additional experiment was conducted to consider the effect of dispersivity coefficients on mass removal by 344 

biodegradation, as a basis to understand the role of dispersion. The dispersivity in all dimensions was changed for 345 

three test cases, with a model duration of 10 years. The dispersivity coefficients were estimated using the 346 

regression equation from Xu and Eckstein (1995) and data from Gelhar et al., (1992). Each test case is split into 347 

a simulation with “no intervention”, in which there are no wells and only intrinsic biodegradation is quantified, 348 

and a simulation with groundwater injection at 30 m3/d with a well located 15m lateral to the plume centreline 349 

(same location as Scenario B-GW). In case 1, the dispersivity (meters) is the same as the baseline model (𝛼x=1, 350 𝛼y=1e-2, 𝛼z=4e-3). In case 2, the dispersivity is reduced 10x from case 1 (𝛼x=0.1, 𝛼y=1e-3, 𝛼z=4e-4) and in case 351 

3, the dispersivity is increased 10x from case 1 (𝛼x=10, 𝛼y=1e-1, 𝛼z=4e-2). Beside the dispersivity coefficients, 352 

all other parameters are consistent for all cases (Table 1).  353 

4 Results and discussion 354 
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4.1 Overview of scenario analysis 355 

The outputs from the scenario modelling are shown in Figure 2 as ratios of Mbio/M₀ and Mext/M₀, which are 356 

combined under the label Mrem/M0, which represents the proportion of total mass removed by pumping and 357 

biodegradation (Section 3.3). Mbio/M0 is calculated and labelled for each well type, including the extraction and 358 

injection well. The prefix “Ext” and “Inj” refer to a scenario which has injection and/or extraction wells, 359 

respectively. The suffixes GW (groundwater) and GWWEA (groundwater without EAs) are used to distinguish 360 

the injection of water with or without EAs, respectively. The Mrem/M0 ratio profiles are reported for T = 10 years 361 

after the start of the PAT operation, at t = 0. The value of Mbio/M₀ for “no action” is denoted by the  “X” on the 362 

y-axis in Figure 2, which is a constant value for all panels. This represents 0.69% of the total phenol mass that is 363 

biodegraded over 10 years without PAT intervention. As an example, a Mext/M₀ ratio of 0.32 implies that the PAT 364 

extraction well removed 32% of the phenol mass. A scenario is considered more effective as the value of Mbio/M₀ 365 

increases (i.e. biodegradation is increased), and more efficient if it also has a lower value of Mext/M₀ (i.e. less mass 366 

to be sent for treatment is removed). Objectives (a) and (b) are addressed in Scenario A-F, whereas objective (c) 367 

is addressed in Scenario F.  368 

Figure 3 shows the mass biodegraded (kg) in each scenario, which consists of the same data shown Figure 2 before 369 

normalization to the initial mass (M0), to allow observing more detail. Figure 4 shows the relative and absolute 370 

rankings of all scenarios, with respect to each other and the initial mass. Figure 5 shows the results of the dispersion 371 

experiment with 3 dispersion test cases: case 1, where dispersion is the same as the values shown in Table 1; case 372 

2, where dispersion is decreased by a factor of 10; and case 3, where dispersion is increased by a factor of 10. 373 

Except for Figure 5, the results for each figure are discussed per scenario, from A-F.  374 

4.2 Scenario A 375 

Figure 2A shows that the ratio Mbio/M₀ remains rather constant, with no significant variation from the no-pumping 376 

(no action) case, denoted by the “X” label, which is the same for all graphs. Figure 2A also shows that Mext/M0 377 

increases in the simulations as the well location approaches the plume core (800 m). Figure 3A likewise shows 378 

that the mass biodegraded remains mostly unchanged, with slightly elevated biodegradation occurring at the 379 

plume front (l=200 m). Figure 4a shows that Scenario A did not enhance biodegradation above the baseline “no 380 

action” and Figure 4b shows that Scenario A only biodegraded 0.69% of the total plume mass. The results of 381 

Scenario A indicate that changing the longitudinal well location has no significant effect on biodegradation, at 382 
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least for well locations in the plume interior/centreline. The results also indicate that Mext/M0 increases with phenol 383 

concentration, as the concentration significantly increases from 200 m to 800 m, which is expected.  384 

As the well is placed at the plume centreline, it is less effective at enhancing biodegradation since the EA (O2 and 385 

NO3) concentrations are depleted within the plume very quickly and most biodegradation occurs at the fringe 386 

where the plume and EAs mix. At a selected pumping rate (-30 m3/d), the area of influence of the well does not 387 

extend beyond the plume fringe, which reduces mixing between the ED and EAs. Extraction in the plume 388 

interior/centreline does not enhance mixing or transverse spreading, which has been shown to increase reaction 389 

rates in other studies (Rolle et al., 2009; Castro-Alcaca et al., 2012; Sather et al., 2022; 2023). Additionally, 390 

groundwater extraction at the plume centre limits biodegradation because the ED is extracted before reacting with 391 

the EAs in the background groundwater. These interactions and limitations on biodegradation for this scenario 392 

are illustrated in Figure S1-A3, which shows a very weakly developed plume fringe and low biodegradation rate 393 

(𝑟𝐸𝐷), even compared with the initial plume condition (Figure S1-I3). This well configuration therefore removes 394 

phenol mass with no significant biodegradation due to limited dispersive flux of EAs from the background 395 

groundwater. Scenario A did not enhance biodegradation above the baseline condition since the radius of influence 396 

of the well is not sufficient to induce significant mixing at the plume fringe. This can be seen in Figure S1-A3, 397 

where the biodegradation rate is mainly enhanced near the well. While the biodegradation rate in Figure S1-A3 is 398 

larger (greater intensity), the overall area where the biodegradation rate is >0 is lower than the initial condition 399 

(Figure S1-I3).  400 

4.3 Scenario B 401 

Figure 2B shows that the value of Mbio/Mo increases with pumping rate for all sub-scenarios, but with a higher 402 

contribution to mass removal through biodegradation from the injection sub-scenarios (B-GWWEA and B-GW). 403 

Figure 2B also shows that Mext/M0 increases with pumping rate for Scenario B-Ext, as expected. Figure 3B shows 404 

the mass removed by biodegradation for each sub-scenario in greater detail. Figure 4a and 4b show that Scenario 405 

B-Ext increases Mbio/Mo by 50% above “no action” and 0.92% of the plume contaminant mass is biodegraded at 406 

the maximum pumping rate. Figure 4a and 4b show that in the GWWEA injection sub-scenario, Mbio/Mo is 407 

enhanced by 89% above “no action” and 1.32% of the plume mass is biodegraded at the maximum injection rate. 408 

Figure 4a and 4b show that in the GW injection sub-scenario, Mbio/Mo is enhanced by 128% above “no action” 409 

and 1.57% of the plume mass is biodegraded at the maximum injection rate. The GWWEA and GW injection sub-410 

scenarios are 44% and 71% more effective at enhancing biodegradation above no action than the Ext sub-scenario, 411 
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respectively. Due to the injection of EAs, the GW case enhanced biodegradation by 19% relative to the GWWEA 412 

case (no EAs present). The results of Scenario B indicate that pumping rate has a significant effect on mass 413 

removal by biodegradation, and that injection of groundwater is significantly more effective at enhancing 414 

biodegradation than groundwater extraction.  415 

The enhancement of biodegradation resulting from an increased pumping rate is attributable to the following. In 416 

general, as the pumping rate increases, the plume is spread over a larger area under the spatially varying velocity 417 

field created, which results in enhanced dispersive mixing between the ED and EAs (Rolle et al., 2009; Suk et al., 418 

2021; Sather et al., 2022; 2023). For GWWEA injection, biodegradation (represented by 𝑟𝐸𝐷) is only enhanced in 419 

a narrow zone at the plume fringe (Figure S1-B6). For GW injection, biodegradation is enhanced both in the 420 

plume interior and at the plume fringe, although the EAs will be rapidly consumed within the plume interior, 421 

which may result in their complete depletion (Figure S1-B8 and B9). For GW extraction, biodegradation is 422 

enhanced near the well where the ED and EA are mixed, and at the plume fringe (Figure S1-B3 and A3). However, 423 

since the extraction well removes mass from the system, it does not enhance the biodegradation rate 𝑟𝐸𝐷 as much 424 

as groundwater injection, where mixing between the ED and EA is more effective and the resultant biodegradation 425 

rate is higher (Figure S1-B3 vs B6 and B9).  426 

4.3 Scenario C 427 

Figure 2C shows that, except for Scenario C-GW, the value of Mbio/M0 increases with lateral distance from the 428 

plume centreline/interior up to 60 m, and then appears to stay constant for the remainder of the experiment. 429 

Scenario C-GWWEA and C-GW start at a higher value of Mbio/M0 than Scenario C-Ext, but eventually converge 430 

to approximately the same value at 60 m. Figure 3C shows more detail, in that after 60 m biodegradation for C-431 

Ext and C-GWWEA begins to slightly decrease. Scenario C-GW responds differently to the change in lateral 432 

distance than the other sub-scenarios. Figure 3C shows that C-GW is most effective in the plume 433 

interior/centreline (0 m), and begins to decline, eventually converging to the same value of biodegradation as the 434 

other sub-scenarios. Figure 4a and 4b show that for Scenario C-Ext and GWWEA, Mbio/Mo is enhanced by ~62% 435 

above “no action” and ~1.13% of the total phenol mass is biodegraded. Figure 4a and 4b also show that for C-436 

GW, Mbio/Mo  is enhanced by ~68% above “no action” and 1.16% of total phenol mass is biodegraded. Figure 2C 437 

and 3C show that, initially, at a distance of 0 m (plume centreline), GW injection is 23% more effective in 438 

enhancing biodegradation than GWWEA injection, 73% more effective than C-Ext. In addition, Scenario C-GW 439 

is 73% more effective than Scenario A at 800m (Figure 2A and 3A). 440 
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The reason why Mbio/M0 is not enhanced beyond a lateral distance of 60 m is due to the capture zone of the well 441 

having a reduced influence on the plume. This is supported by the significant decrease in Mext/Mo that occurs after 442 

40 m, trending to zero after 60 m (Figure 2C). Since no ED (phenol) mass is removed, the well increases the value 443 

of Mbio/Mo (i.e. stimulates biodegradation) by increasing plume spreading and the plume fringe interface as the 444 

plume is pulled further away from the center (Sather et al., 2022; 2023).  445 

The initial and final values of phenol concentration, dissolved O2 concentration and biodegradation rate 𝑟𝐸𝐷 for 446 

the Scenario C-Ext simulation are compared with the initial plume condition in Figure S1, illustrating the dynamic 447 

nature of the plume fringe interface and biodegradation under pumping. These simulations and those more 448 

generally in Figure S1 show stretching and folding of the plume due to active spreading induced by the 449 

arrangement of the PAT system in each scenario, also documented by Piscopo et al. (2013) in a similar study. As 450 

the extraction well located lateral to the plume centreline removes contaminant mass, the phenol concentration is 451 

decreased and the plume fringe surface area is increased by lateral spreading (SI I1 vs SI C1) of the plume during 452 

pumping, allowing greater mixing of dissolved EAs (note the increased O2 footprint) across the interface (SI I2 453 

vs SI C2). Ultimately, this increases the spatial extent of the interface and rate of biodegradation 𝑟𝐸𝐷 at the plume 454 

fringe compared with the initial condition (SI I3 vs SI C3). By changing the plume flow direction in this way, the 455 

reaction front (plume fringe) is aligned perpendicular to the local flow field towards the extraction well. In this 456 

case mixing is dominated by longitudinal dispersion in the direction of flow, which is much greater than transverse 457 

dispersion, resulting in enhanced biodegradation (Sather et al., 2022; 2023). 458 

With each sub-scenario at their peak performance, GW injection at 0 m is marginally the most effective strategy 459 

overall as it significantly enhances biodegradation while reducing mass extraction For example, it is ~2.6% more 460 

effective than GWWEA injection or C-Ext at 60 m. Groundwater injection is effective for this enhancement 461 

because biodegradation inside the plume is limited by the depletion of available EAs (oxygen and nitrate) and the 462 

flux of these EAs into the plume, as induced by the PAT system. These points highlight that while the injection 463 

of groundwater at the plume centre can significantly enhance biodegradation compared to injection of EA-464 

depleted groundwater or groundwater extraction at the same location, increasing plume spreading by pumping 465 

laterally to the plume is equally important.  466 

4.4 Scenario D 467 

Figure 2D shows that Mbio/M0 remains mostly constant as the pumping rate is increased for both extraction wells. 468 

This is confirmed by Figure 3D (enhanced resolution) which shows the absolute contaminant mass biodegraded. 469 
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The lowest pumping rate of -5 m3/d resulted in the highest value of Mbio/M0. Figure 4a and 4b show that Scenario 470 

D enhanced mass removal by biodegradation by 8% over the no action case and removed 0.75% of the plume 471 

mass (vs 0.69% for “no action”). These results indicate that increasing the pumping rate for two extraction wells 472 

located at a constant lateral distance (30 m) has little to no effect on biodegradation.  473 

The results also indicate that extracting groundwater symmetrically from two wells is less effective compared to 474 

a single well with similar pumping rate, such as Scenario B-Ext. This is attributed to a decrease in dispersive 475 

mixing of EAs within the plume caused by the proximity of the two wells, which have an overlapping radius of 476 

influence. This is evidenced by the absence of biodegradation at or near the wells (Figure S1, D3). In Scenario D 477 

both the maximum value of the biodegradation rate and area in which biodegradation occurs is reduced (Figure 478 

S1, I3 vs D3). In Scenario B, the well promotes dispersive mixing of the background groundwater and plume, 479 

increasing the value of Mbio/Mo within the well capture region (Figure S1, B3). However, in this dual well 480 

configuration (Scenario D), the background groundwater is drawn into the plume margin at each side. At high 481 

pumping rates, adequate mixing between the ED and EA does not occur because the phenol mass is excessively 482 

removed by the combined action of the two extraction wells, which are located too close together (Figure S1, D1-483 

D3). Also, at low pumping rates, these extraction wells cannot appropriately influence the region between them 484 

to the same degree, as the EAs are instead drawn away from the plume toward the extraction well on either side. 485 

The performance of this scenario could be improved if the lateral distance between the two wells was greater.  486 

Despite Scenario B having only one well, more contaminant mass was extracted than in Scenario D. This is 487 

because the two wells in Scenario D are located 30 m apart, and the pumping rate is split between them (up to -488 

50 m3/d each), rather than concentrated (-100 m3/d) in a single cell. The strategy in Scenario D is therefore not 489 

effective because biodegradation is limited by the very close spacing of the wells and the contaminant mass 490 

extracted is large, implying increased operational costs for subsequent groundwater treatment. 491 

4.5 Scenario E 492 

Figure 2E shows that Mbio/M0 increases with lateral distance between the two extraction wells. At the first point 493 

in Scenario E, Mbio/M0 and “no action” are equal, indicating that at a lateral distance of d=30 m, biodegradation 494 

was not enhanced above baseline conditions. Figure 2E also shows that the most effective arrangement is for each 495 

well to be placed 45m away from the plume centreline (i.e. the distance between them is 90 m). Figure 4a and 4b 496 

show that at this optimal position, 0.9% of the total plume mass was biodegraded compared to the no action case 497 

(0.7%), with a maximum enhancement in Mbio/Mo of 24% above “no action”. The enhancement in 498 
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biodegradation is due to the same processes as in Scenario C-Ext and C-GWWEA. As the lateral distance between 499 

the extraction wells increases, phenol biodegradation is enhanced by the greater degree of dispersive mixing 500 

created by this interaction.  501 

Beyond the 45m distance, the overlap between the capture zone of the two wells and the plume decreases. This is 502 

supported by the decrease in Mext/Mo, which indicates that the plume is unaffected by this well arrangement. The 503 

value of Mext/Mo decreases after a well separation of 60 m because contaminant concentrations decrease quickly 504 

at the plume margin (Thornton et al, 2001a). The extent of biodegradation at the plume fringe is also limited by 505 

the supply of organic contaminants to this interface, controlled by the dispersive mixing. Unlike Scenario D, 506 

Scenario E enhances plume spreading and mixing because the pumping rates are lower and the wells are further 507 

apart, such that the ED and EAs are not removed as rapidly and adequate mixing between the plume and 508 

groundwater is possible to support biodegradation. Further analysis shows that this scenario results in significant 509 

spreading of the plume and enlargement of the plume fringe between the extraction wells, as shown by the 510 

increased footprint of the dissolved O2 concentration gradient across this interface (Figure S1-E2) and 511 

corresponding zone of enhanced biodegradation rate, 𝑟𝐸𝐷 (Figure S1-E3). 512 

4.6 Scenario F 513 

Figure 2F shows that the value of Mbio/Mo increases with the lateral distance between the extraction and injection 514 

wells. For both the GWWEA and GW sub-scenarios, Mbio/M0 reached its highest value at a lateral distance of 90 515 

m, after which it begins to decline.   516 

Figure 4a and 4b show that 1.2% and 1.4% of the total phenol mass were biodegraded for each sub-scenario, 517 

respectively. This is respectively an enhancement of 67% and 100% above “no action” in mass removal by 518 

biodegradation (Figure 4a). For this arrangement GW injection was ~18% more effective at enhancing 519 

biodegradation than GWWEA injection, as shown by the increased mass biodegraded (Figure 4a). This difference 520 

arises because biodegradation occurs within the plume interior (where the injection well is located) and at the 521 

plume fringe (where the extraction well is located) in the GW injection sub-scenario. However, biodegradation 522 

only occurs at the plume fringe in the GWWEA sub-scenario, as the latter has no EA suite to support 523 

biodegradation directly, and the injected GWWEA simply enhances dispersive mixing without supplementing the 524 

EA supply. 525 
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After a well separation distance of 90 m, Mext/Mo decreases sharply to zero, as progressively less contaminant 526 

mass is extracted, and Mbio/Mo begins to decrease, indicating a reduced influence of the well on biodegradation in 527 

the plume (Figure 2F). Overall, this scenario was respectively 87% and 62% more effective at enhancing 528 

biodegradation than using two concurrent extraction wells, as in Scenario D and E. However, the plume fringe 529 

was enhanced much less by the well and pumping arrangement in Scenario F, as opposed to Scenario D (compare 530 

Figure S1-F3 and Figure S1-F6 to Figure S1-E3). Nonetheless, the biodegradation rate in Scenario F-GW is 531 

generally higher than in Scenario F-GWWEA and Scenario D, which results in higher overall mass removal 532 

through biodegradation.  533 

The performance of the combined PAT-NA system in the different scenarios is compared in Figure 4 relative to 534 

the “no action” case. This shows that groundwater injection in Scenario B-GW was most effective in removing 535 

contaminant mass (Figure 4a) and enhancing biodegradation (Figure 4b) relative to the other scenarios. Over 500 536 

kg of contaminant mass was biodegraded using groundwater injection within Scenario B (Figure 4b). The 537 

arrangement of pumping wells in this scenario, with a fixed location at the plume fringe and continuous supply of 538 

O2 and NO3 in the injected groundwater, ensures dispersive mixing at the plume fringe is enhanced and 539 

biodegradation is not EA limited. While the mass biodegraded in these scenarios is a modest percentage (ca. 2%) 540 

of the overall plume, this simply reflects the significant mass of dissolved contaminant in groundwater at the site; 541 

the concentration of phenol is several orders of magnitude higher than the concentration of the EAs. Moreover, 542 

the mass biodegraded also reflects the low value of aquifer transverse dispersivity at this site, which limits 543 

dispersive mixing in the plume.  544 

4.7 Effect of dispersion on biodegradation 545 

Figure 5 shows a hypothetical experiment which illustrates the effect of dispersion on biodegradation, as assessed 546 

by comparing numerical simulations of the contaminant mass biodegraded for different values of the dispersivity 547 

coefficients. A 10-fold increase of the dispersivity coefficients (case 3) above the baseline model (case 1) enhances 548 

the biodegradation by approximately 360%, whereas a 10-fold decrease (case 2) reduces biodegradation by only 549 

12%, indicating that the original dispersivity value (case 1) is already quite low for a solute plume of that scale 550 

(Gelhar et al., 1992; Xu and Eckstein, 1995). GW injection enhances biodegradation by approximately 96% for 551 

case 1 and 2, and by 22% for case 3 (Figure 5). Higher values of dispersivity coefficients result in greater plume 552 

spreading in all dimensions, which increases the dispersive mixing between the ED and EAs, as well as the EA 553 

flux into the plume to stimulate biodegradation. This feature is evident in several scenarios (e.g. C and E) from 554 
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the increased size of the plume fringe interface under pumping, and the corresponding greater spatial development 555 

of zones with an increased biodegradation rate (Figure S1). GW injection further enhances biodegradation for the 556 

same reason, but with diminishing returns at higher values of the dispersivity coefficients. This is likely due to 557 

the plume becoming very dilute in case 3, which reduces the biodegradation rate 𝑟𝐸𝐷 ; the injection well should 558 

be located in a more concentrated region of the plume in order to be more effective.  559 

5. Conclusion 560 

This research examined the design of conventional pump and treatment (PAT) systems to increase the in situ 561 

biodegradation of organic contaminants in groundwater, by addressing potential limitations (electron acceptor 562 

supply) on the relevant processes. The aim was to identify the effect of system variables on plume remediation to 563 

increase contaminant mass removal by enhancement of biodegradation, as a proof-of-concept evaluation and basis 564 

to optimise the system design for best performance. Six scenarios were developed to evaluate the design of the 565 

PAT system with these variables, using a 3-D numerical model (MODFLOW and MT3D-USGS) constructed with 566 

historical site characterisation data from a chemical manufacturing plant on a UK sandstone aquifer. Using this 567 

data, a “synthetic plume” was created in the model to investigate the scenarios in this conceptual analysis. The 568 

contaminants in groundwater at the site were all converted into equivalent concentrations of phenol (the 569 

predominant contaminant) for the modelling. A Monod formulation was used in the model to simulate the kinetic 570 

reactions between phenol and different electron acceptors (dissolved oxygen and nitrate) involved in 571 

biodegradation. A 10-year scenario with no active wells and passive natural attenuation was used as a control to 572 

compare the additional contribution of biodegradation to mass removal in the groundwater. 573 

The scenario modelling showed that the enhancement of biodegradation depends on the location, number, 574 

pumping rate and distance between well location(s) in the PAT scheme. Placing the PAT wells too close together 575 

limits biodegradation rates and extraction in the plume interior/centreline is less effective than injection in the 576 

same location. Since the extraction well removes contaminant mass from the system, this reduces the overall 577 

biodegradation rate 𝑟𝐸𝐷 in space and time, as this is strongly influenced by phenol concentration. In general, 578 

injection enhances plume fringe reactions by increasing dispersive mixing through the creation of divergent flows. 579 

As the wells are moved laterally outward from the plume centreline, the mass extracted decreases and mass 580 

biodegraded increases. The most effective scenarios are injection of groundwater with electron acceptors at 15m 581 

from the plume interior/centreline (scenario B-GW), and injection of groundwater with electron acceptors in the 582 

plume centreline combined with an extraction well that is located away from the plume centreline (Scenario F-583 
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GW). The PAT system enhances in situ biodegradation of contaminants by (i) increasing dispersive mixing 584 

between solutes in the plume and background groundwater, and (ii) increasing the flux of dissolved electron 585 

acceptors into the plume from the background groundwater in zones (e.g. plume fringe) which have high 586 

biodegradation potential. Enhanced mixing also increases contaminant dilution and can remove factors which are 587 

inhibitory to biodegradation. The analysis shows that biodegradation was significantly improved with PAT 588 

intervention above the “no action” case, with an increase of 100-128% in mass biodegraded. The pumping rate is 589 

the most effective (and controllable) intervention to enhance biodegradation, as it increases the EA flux into the 590 

plume. Furthermore, groundwater extraction at the plume fringe is the most efficient basis to increase the surface 591 

area of this interface and enhance solute mass transfer across it by dispersion.  592 

Future studies should identify how to minimize the diminishing returns observed with multi-well configurations. 593 

If the effectiveness of a single well could be multiplied or scaled (Scenario C-Ext), this could potentially shorten 594 

remediation timeframes significantly. The effectiveness of different combinations of EAs in the injected 595 

groundwater for biodegradation should also be considered, although this will likely depend on the contaminant 596 

mixture in specific cases. Overall, the approach illustrated here offers new opportunities to integrate PAT with 597 

natural attenuation as a management strategy at sites where groundwater is contaminated by organic chemicals. 598 
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 851 

Figure 1. Schematic of plume concentration envelope based on groundwater chemistry and numerical simulation 852 

of site data. The concentrations shown are in mg/l. The hydraulic conductivity scale indicates that some values 853 

repeat throughout the layered system (Thornton et al., 2001b). Note that the concentrations of oxygen and nitrate 854 

are below detection in the plume due to biodegradation of the phenolic compounds. Note the vertical exaggeration 855 

of the depth scale.  856 

 857 
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 858 

Figure 2. Ratios of contaminant mass removed for scenarios A-F. The y-axis is the contaminant mass removed 859 

(Mrem) by biodegradation in situ (Mbio) and extraction (Mext), normalised to the initial mass (M₀). For Scenario 860 

A, the numbered points correspond to the well locations in Table 2, where well 1 is at the front of the plume 861 

(200m), downgradient of the source, and well 4 is close to the source (800m). “No action” refers to the initial 862 

condition in which NA occurs without PAT intervention.  863 

 864 
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 865 

Figure 3. Mass removed by biodegradation for scenarios A-F. The x-axis is the variable under consideration for 866 

the particular scenario and the y-axis is the mass removed by biodegradation, for the entire model domain over 867 

10 years, in kilograms. GWWEA is injection of groundwater without EAs and GW is injection of groundwater 868 

with EAs.  869 
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 892 

 893 

Figure 4. (a) Scenarios with respective sub-scenarios ranked by percentage enhancement in biodegradation 894 

above “no action”, from highest to lowest. (b) Absolute and percentage of total plume mass biodegraded.  895 

 896 
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 897 

Figure 5. Total mass removed by biodegradation for an experiment in which the dispersivity in all dimensions is 898 

changed for three test cases, each of which were simulated over 10 years. Each test case is split into a simulation 899 

with “no action”, in which there are no wells and only intrinsic biodegradation is measured, and a simulation 900 

with groundwater injection at 30 m3/d with a well located 15m lateral to the plume centerline (same location as 901 

Scenario B-GW).  In case 1, the dispersivity is the same as the baseline model (𝛼x=1m, 𝛼y=1e-2m, 𝛼z=4e-3m). 902 

In case 2, the dispersivity is reduced 10x from case 1 (𝛼x=0.1m, 𝛼y=1e-3m, 𝛼z=4e-4m) and in case 3, the 903 

dispersivity is increased 10x from case 1 (𝛼x=10m, 𝛼y=1e-1m, 𝛼z=4e-2m). The percentages show the 904 

enhancement of biodegradation above the “no action” case due to GW injection.  905 

 906 

Table 1. Input parameters used in the scenario modelling. 907 

a. Unpublished data from confidential third party consultant reports.  908 

b. Values used in previous modelling studies on the site [Watson et al. (2005) and Mayer et al. (2001)]. 909 

c. RFM refers to Radial Flow Modelling undertaken by third party consultants. 910 

 911 

 912 

Flow and transport parameters Value Data source 

Effective porosity (-) 0.125a Core samples/geophysical logsa 

Hydraulic conductivity range, K (m/d) 0.35-1.0a Pumping tests and RFMc 

Recharge rate (m/d) 8.00e-04a Effective infiltration estimationb 

Longitudinal dispersivity (m) 1b  
Tracer tests and numerical modelling Vertical transverse dispersivity (m) 4.00e-03b 

Horizontal transverse dispersivity (m) 1.00e-02b 

Grid block size (m3) 5 Well screen lengths are 5 meters.a 

Model length, width, and depth (m) 1200x1000x255  

 Species  

Biodegradation module parameters Phenol Oxygen Nitrate  

Half saturation constant (mg/l) - 0.1b 0.5b Determined by a mesocosm experimentb 

Inhibition constant (mg/l) - 0.9b 0.9b 

Decay rate (1/T) - 3.44e-05b 3.44e-06b 

Yield coefficient (-) 0 2.38b 3.69b Reaction stoichiometry (Eq. 3) 
Source concentration (mg/l) 25000 0 0 Groundwater quality monitoring 

Background groundwater concentration (mg/l) 0 4.5-9.28b 91-105b Groundwater quality monitoring 
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Table 2. Scenarios (A-F) evaluated in 10-year modelling simulations and the respective approach followed (see 
text for explanation). 

Scenario Description Injection/extraction well layout 

A. Effect of extraction 
well distance along 
flow path 

Extraction well is located on the 
plume centerline, at distances which 
increase by 200m in successive 
simulations. Well extraction rate is 
fixed at 𝑄=30 m3/d. 

 

B. Effect of asynchronous 
injection and 
extraction rate 

Well location is fixed (𝑑=m) and 
injection/extraction rate 𝑄 
progressively increased. This 
scenario includes injection of either 
GWWEA or GW in separate sub-
scenarios (see text).  

 

C. Effect of asynchronous 
extraction/injection 
well location lateral to 
flow path 

Injection/extraction well is moved 
an increasing lateral distance from 
the plume centerline. Well pumping 
rate is fixed at 𝑄=±30 m3/d. This 
scenario includes injection of either 
GWWEA or GW in separate sub-
scenarios (see text). 

 

D. Effect of well pumping 
rate for two concurrent 
extraction wells 

Extraction wells are placed 
symmetrically at a fixed lateral 
distance 𝑑=m from the plume 
centerline, with 𝑄 progressively 
increased. 

 

E. Effect of location for 
two concurrent 
extraction wells 

Extraction wells are placed 
symmetrically at a progressively 
increasing lateral distance 𝑑 from 
the plume centerline, with 𝑄 fixed at 
60 m3/d.  

 

F. Effect of location for 
concurrent extraction 
and injection wells 

Injection well is located on the 
plume centerline and one extraction 
well is positioned laterally at an 
increasing distance 𝑑, with the 
pumping rate 𝑄 fixed at ±30 m3/d. 
This scenario includes injection of 
either GWWEA or GW in separate 
sub-scenarios (see text). 
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 920 

 921 

Figure S1. Pixelized concentrations of phenol, oxygen and the biodegradation rate (rED, Eq. 5) for each modelling scenario. Concentrations are in units of mg/l and rED is in 922 

units of mg/l/d. Each graph is produced at the end of 10 years. For brevity, only the most effective scenario data points have been presented and only 1 layer of the results are 923 

shown. For Scenario A, only the simulation at 800m is shown. For Scenario B-Ext, only the simulation at -100 m3/d is shown. For Scenario C-GW, the most effective 924 

simulation is shown, with the injection well at the center of the plume. The red ‘x’ indicates the location of pumping well(s). The phenol concentrations (left panel) are shown 925 

on a symmetrical logarithmic scale, whereas the other graphs are shown on a linear scale.  926 

 927 

 928 


