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Abstract 

The safe and secure encapsulation or immobilization of nuclear waste, particularly low to 

intermediate-level waste (accounting for ~97% of the total volume of nuclear waste), has been a 

significant concern. Consequently, numerous studies have been conducted on various materials 

such as Ordinary Portland Cement (OPC)-based, bitumen, and ceramics for the purpose of waste 

encapsulation/immobilization. However, these studies generally offer a broad overview of 

materials performance without focusing on specific radioisotopes of concern. Cesium (Cs) and 

strontium (Sr) are important radioactive nuclides to consider for encapsulation, but the existing 

studies on immobilizing these elements are fragmented and lack a comprehensive understanding. 

This critical review article offers a thorough qualitative and quantitative analysis to uncover the 

primary trends/knowledge gaps within the field. It comprehensively delves into waste 

classifications/management and leaching assessments, followed by an exploration of the 

immobilization performance and durability issues of various traditional and advanced cementitious 

materials including low-temperature chemically bonded ceramics like alkali-activated matrices 

(AAM) and Mg-K phosphates for the immobilization of Cs and Sr. Further, the review article 

provides fresh insights and perspectives, including recommendations for improvements, novel 

technologies, and future trends in this domain. 

Keywords: Immobilization; Encapsulation; Hazardous Nuclear Waste; Alkali-Activated 

Materials; Geopolymers; Ordinary Portland Cement; Leaching 
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1. Introduction 

1.1 Nuclear power as a future energy source 

Nuclear energy is gaining prominence as a crucial alternative for electricity generation, offering 

clean, reliable, and affordable power on a large scale, with low carbon emissions. According to the 

World Nuclear Association (WNA), nuclear power is considered low-carbon, and Figure 1 

illustrates the average life-cycle carbon dioxide-equivalent emissions, revealing significantly 

lower emissions from nuclear power plants (~12 gCO2 released per equivalent of 1 kWh generated) 

compared to fossil fuels, coal, and natural gas (~2280 gCO2-eq/kWh) [1,2]. Currently, 440 power 

reactors contribute around 10% of the world's electricity, positioning nuclear power as the second-

largest source of low-carbon power globally (28% in 2019) [3]. Nuclear energy is also utilized in 

over 220 research reactors across 50 countries, supporting various applications such as 

medical/industrial isotope production and training [4]. Depending on the cost and performance of 

low-carbon technologies, nuclear electricity is estimated to potentially avoid ~3.3 to 9 Gt CO2/year 

by 2050 [5]. 

In addition to its low carbon footprint, nuclear power has one of the lowest external costs 

concerning damage to human health and the environment, not reflected in electricity prices. 

Uranium resources are globally accessible and contribute only a small fraction to the overall cost 

of nuclear electricity. The energy density of nuclear fuel allows for the production of 50 MWh of 

electricity per 1 kg of nuclear fuel, significantly surpassing the efficiency of fossil fuels, oil, and 

coal (where only 0.003−0.004 MWh of electricity is produced per kg of fuel) [2,6]. 

Even though nuclear technology has significant advantages, its wide acceptance is closely 

associated with warranting benign and sustainable approaches to the disposal of harmful 
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radioactive waste. Therefore, effective waste management systems are implemented to prevent 

any adverse effects on ecological systems. 

 

Figure 1: Average life-cycle carbon dioxide-equivalent emissions from different electricity 
generators [1]. 

1.2 Radioactive nuclear waste classifications and management 

Radioactive nuclear waste is described as any material that is either inherently radioactive or 

contaminated by radioactivity and has no further use. However, for legal and regulatory purposes, 

radioactive waste is defined as waste that comprises or is contaminated with radionuclides at 

activities or concentrations exceeding clearance levels as established by the regulatory body [7].  

1.2.1  Radioactive waste classifications 

Classification of waste is critical from a safety and process consideration point of view. Generally, 

essential parameters considered for classification include physical, chemical, radiological, 
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biological properties, and the origin of the waste. The classification system is implemented to ease 

the management of a particular waste type. Different management options are implemented based 

on the radioactivity levels in the waste and the shielding requirements. In terms of the activity 

limits, radioactive wastes are classified by IAEA based on two parameters: radionuclide half-life 

and radioactivity content, as shown in Figure 2. The detailed characteristics of these classes are 

listed in Table 1 [8].  

 

Figure 2: Conceptual illustration of the waste classification scheme by International Atomic 
Energy (IAEA) Agency Safety Standards [8].  
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Table 1 
Radioactive waste classifications as per the International Atomic Energy Agency (IAEA) [8].  

Figure 3 shows the volume and the level of radioactivity distribution in % of nuclear waste among 

the waste classes. HLW accounts for only ~ 3% of the total volume of nuclear waste but 95% of 

the total radioactivity of produced waste. On the other hand, ILW accounts for ~7% of the total 

volume and comprises 4% of the radioactivity in nuclear waste. The vast majority ~90% of the 

Waste 

classes 
Acronyms General characteristics 

High-level 
waste  

HLW 
The activity concentration is high enough to generate significant 
quantities of heat or wastes with large amounts of long-lived 
radionuclides. 

Intermediate-
level waste  

ILW 

Long-lived radionuclide concentrations, in particular, alpha-
emitting radionuclides that will not decay to a level of activity 
concentration acceptable for near-surface disposal during an 
institutional control period. ILW also includes waste that needs no 
provision, or only limited provision, for heat dissipation during 
storage and disposal. 

Low-level 
waste  

LLW 

Activity levels are above clearance levels with a limited amount of 
long-lived radionuclides. It requires robust isolation and 
containment for periods of up to a few hundred years and is suitable 
for disposal in engineered near-surface facilities. 

Very low-
level waste  

VLLW 

Activity levels are above clearance levels but do not need a high 
level of containment; it can be disposed of near-surface with 
limited regulatory control. The concentrations of longer-lived 
radionuclides are very limited. 

Very short-
lived waste  

VSLW 
Waste that can be stored for decay over a limited period of up to a 
few years and subsequently cleared from regulatory control. 

Exempt 
waste  

EW 
Waste meets the criteria for clearance, exemption, or exclusion 
from regulatory control for radiation protection purposes. 
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volume is comprised of LLW but contains only 1% of the radioactivity [9]. In addition, a few 

examples of exemption levels for waste nuclides (regulated by IAEA) and essential characteristics 

such as half-life and specific activities are shown in Table 2 [10].   

 

Figure 3: Volume and radioactivity distribution (%) of nuclear waste classes based on the World 
Nuclear Association [9,11]. 
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Table 2 

Examples of radionuclide characteristics, exempt activity concentrations, and exempt activities 
as per the International Atomic Energy Agency (IAEA) [10].  

1.2.2  Radioactive waste management 

Waste management is an essential practice for public acceptance of nuclear energy from a safety 

point of view. According to international and national regulations, the wastes require effective 

management to diminish the quantities of radioactive contaminants to the level that warrants the 

safe discharge of the decontaminated liquid to the environment and the safe disposal of the 

concentrated radionuclides [12]. The general main steps of radioactive waste management, which 

are implemented worldwide, are shown in Figure 4. These steps mainly include waste 

characterization, treatment, conditioning, storage, disposal, and surveillance/monitoring [13].  

Nuclide 
Half-life 

(Years) 

Specific activity 

(Ci/g) 

Exempt activity 

concentration 

(Bq/g) 

Exempt 

activity (Bq) 

134Cs 2.06 1294 10 104 

135Cs 3.0 ×106 1.15 ×10-3 104 107 

137Cs 30.17 86.98 10 104 

90Sr 28.50 136.40 102 104 

60Co 5.27 1131 10 105 

232Th 1.4 ×1010 1.09 ×10-7 1 103 

235U 7.0 ×108 2.16 ×10-6 10 104 

238U 4.5 ×109 3.36 ×10-7 10 104 
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Figure 4: General schematic of radioactive waste management [13]. 

A summary of the radioactive waste management steps as per IAEA (2007) [13] are described as 

follows: 

“Characterization: Characterization of waste is essential at every stage of waste management, 

especially at the beginning. It involves determining the physical, chemical, and radiological 

properties of the waste. Characterization is helpful to segregate radioactive materials for 

exemption, reuse, and disposal methods or to warrant compliance of waste packages with 

requirements for storage and disposal.  

Treatment: This step includes operations to alter the characteristics of the radioactive waste, 

which are intended to improve safety or the economy. A variety of treatments may result in an 

appropriate wasteform for disposal. However, the treated waste requires further conditioning 

either by solidification, immobilization, or encapsulation in most cases. 
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Conditioning: This step incorporates processes such as cementation, polymerization, 

bituminization, or vitrification that produce a waste package suitable for handling, transportation, 

storage, and disposal. 

Storage: This step comprises preserving the radioactive waste to ensure retrievability. Further, 

confinement, isolation, ecological protection, and monitoring are looked after during the storage 

period. 

Transportation: Careful conveyance of radioactive waste in specially designed packages. 

Disposal: Emplacement of waste in a suitable facility without the intention of retrieval.” 

Among the management steps mentioned above, waste conditioning is a crucial step, especially 

for low and intermediate-level liquid wastes (LILW). Radioactive liquid wastes, in general, consist 

mainly of metal hydroxide sludge containing most of the fission products and actinides, plus a 

supernatant solution of mainly Na hydroxide, Na nitrate, Na nitrite, and Na aluminate, together 

with soluble fission products such as Cs and Tc [4]. Conditioning transmutes the waste into a form 

suitable for handling, transport, storage, and disposal by immobilization of radioactive waste. 

Immobilization ensures the safe embedding of radioactive waste into a matrix, preventing the 

leakage of radionuclides into the environment. Conditioning, in general, is achieved by 

incorporating the wastes in solid monoliths of low dispersibility. Standard immobilization methods 

for LILW include cementation, polymerization, geopolymerization or bituminization, and 

vitrification for HLW.  
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1.3 Major radionuclides of concern in the nuclear waste  

1.3.1 Cesium  

Cesium (Cs) is a soft, silvery white-gray metal that occurs in nature as non-radioactive 133Cs and 

consists of 55 protons and 78 neutrons [14]. Pollucite is the rare naturally occurring mineral source 

that yields the greatest quantity of Cs. There are 11 major radioactive isotopes of Cs, and only 

three (134Cs, 135Cs, and 137Cs) have relatively long half-lives (about 2 to 2 million years) and high 

specific activity (0.0012−1300 Ci/g), Table 2. These three isotopes of Cs are produced by nuclear 

fission and decay by emitting beta particles.  

The isotopes of Cs, especially 137Cs (yield ~6 %) and 135Cs (yield ~7 %), are among the most 

common heavy fission products by the nuclear fission of 235U and other fissionable materials in 

nuclear reactors or nuclear weapons [15]. 137Cs is typically considered the isotope of paramount 

concern as per the Department of Energy (DOE) since it is produced with a relatively high yield 

of ~6 % (i.e., 6 atoms are produced per 100 fissions). In addition, the half-life of 137Cs is ~30 years, 

and it emits one to two high-energy beta particles, Figure 5 [16]. Most of the 137Cs decay results 

in a 662 keV gamma-ray emission with a half-life of ~2.6 minutes to form the decay product 137Ba. 

Due to this decay product, Cs becomes an external hazard (i.e., a hazard without intake in the 

body).  

When compared to 137Cs, 135Cs, and 134Cs are less concerning due to their radiological decay 

characteristics. 135Cs has a long half-life of ~2.3 million years and low specific activity 

(0.0012 Ci/g). Therefore, the low decay energy combined with the slow decay rate contributes to 

the low hazards of 135Cs. On the other hand, 134Cs have a half-life of only ~2.1 years, and it decay 

by emitting a beta particle; hence, 134Cs decay rapidly to cause any long-term adverse impact on 

the environment. 
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Figure 5: Schematic illustration of 137Cs decay [16]. 

In terms of chemical characteristics [14], Cs belongs to the alkali metals group and has an oxidation 

state of +1 (including isotopes). Due to the highly electropositive nature of Cs, it is very reactive 

toward water. Cesium salts and most cesium compounds are generally water-soluble and reactive; 

for example, cesium hydroxide (CsOH) has a very high-water solubility of 4 kg/L at 15 °C and 

can chemically attack even stainless steel. CsOH is also gauged as the most likely cesium 

compound released from the nuclear reactor in a severe accident. Additionally, due to its high 

solubility in the water released from the nuclear reactor, it is expected to persist in the environment 

and have long-term contamination hazards.  

The intake of Cs can cause a severe internal health hazard for humans or animals. The primary 

health concern is the increased prospect of inducing cancer due to beta and gamma radiation. 

Besides hazards of internal exposures, there is a considerable risk from the external gamma rays 

exposure.  
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Due to the properties such as decay by high-energy pathways, high water solubility, and chemical 

reactivity, which may lead to perilous health hazards and long-term adverse impacts on the 

environment [4], effective conditioning of ILLW containing cesium is paramount.  

1.3.2 Strontium  

Strontium (Sr) with an atomic number of 38 is an s-block, alkaline-earth metal located in group 2 

and period 5 of the periodic table. Sr is a soft and chemically reactive metal that is water-soluble. 

The stable and naturally occurring Sr has four isotopes; 84Sr, 86Sr, 87Sr, and 88Sr, with the 

ubiquitous 88Sr making up approximately 83%  [17,18]. Conversely, a number of radioactive Sr 

isotopes ranging from 73Sr to 107Sr have also been reported by few studies [19–21]. The data in 

Table 3 indicates that 82Sr and 85Sr decay to half of the atomic nuclei within 25-65 days by 

simultaneously absorbing an orbiting electron in the nucleus, followed by the conversion of a 

proton to a neutron and the emission of a neutrino/gamma-ray. For the 89Sr and 90Sr isotopes, they 

typically undergo a beta-minus decay process whereby a neutron is converted to a proton, an 

electron, and an electron antineutrino. 90Sr is typically produced with a yield of about 5-6% from 

the radioactive fission of uranium, plutonium, and other nuclear species in reactors [22]. The 90Sr 

can also be retrieved from spent nuclear fuel (SNF) and high-level liquid waste (HLLW) solutions.  

Similar to 137Cs, 90Sr could be released to the environment through nuclear weapon discharge, 

nuclear accidents, disposed SNF, and other radioactive wastes [23,24]. However, the big challenge 

is curtailing 90Sr contamination at disposal sites. Although, Table 3 shows that 90Sr has the longest 

half-life of 28.9 years, thus with the low activity level, it will take more than 200 years to decay to 

less than 1% of the atomic nuclei. Therefore, given the number of years it will take to decay to a 

negligible and non-toxic level; 90Sr is classified as a High-level Waste (HLW). Moreover, the 

decay of 90Sr to the short-lived yttrium (90Y) is also problematic due to the emission of high-energy 
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beta radiation. Indeed, beta radiation from 90Sr decay is quite hazardous, with the capacity to cause 

cancer and inflict bone-related terminal illnesses in humans [25]. 

Table 3 
Properties of several radioactive isotopes of strontium (adapted from Semenishchev and 
Voronina, 2020 [21]).  

Isotope Decay mode Half-life 
Beta-plus/ beta-

minus energy (MeV) 

Gamma 

energy (keV) 

82Sr Electron capture 25.3 days No beta-plus No gamma 

85Sr Electron capture 64.8 days No beta-plus 514 

89Sr Beta-minus 50.5 days 1.5 909 

90Sr Beta-minus 28.9 years 0.5 No gamma 

 

1.4 Release of nuclides from cementitious materials 

Generally, most of the radioactive waste solids are multi-phase heterogeneous materials, and mass 

transfer in these materials is complicated by several processes that typically happen simultaneously. 

Transport is possible along many paths such as inside crystal lattices, along crystal grain 

boundaries, intraparticle voids or through pore volumes, along pore surfaces, and through 

interparticle voids [26]. In addition, chemical reactions, dissolution-precipitation, vaporization-

condensation, and other mechanisms may affect the transport, and the mobile species may be 

migrating in either the solid, liquid, or gaseous state. Hence, an "effective diffusivity", De, is 

defined in the mass transport equation when transport is known to be happening simultaneously 

via several mechanisms [27]. The effective diffusivity must be determined experimentally, and the 

question of the particular (or dominating) diffusion mechanism is difficult to elaborate. The 

assumption made in such a case is that the transport equation including De can adequately represent 

the system from the practical point of view.  
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Commonly, the release of nuclides from cementitious materials is dominated by diffusion [28,29]. 

However, if other mechanisms such as corrosion, erosion, and dissolution are important, their 

control is discernible only after extended leaching periods [28]. Consequently, determining the 

effective diffusion coefficient for the species of interest provides a meaningful way to predict the 

maximum release from the wasteform to water.  

There are various leaching test standards, with the most commonly used being ANSI/ANS-16.1 

and ASTM C1308-21. Additionally, other leach testing protocols have been applied in various 

published studies, including ASTM C1285, the Chinese GB7023 standard, and the French National 

Radioactive Waste Management Agency - ANDRA standard. However, a one-to-one comparison 

and interpretation of test results obtained from different leaching test methods is quite challenging. 

This difficulty arises from the wide variation in experimental conditions such as specimen 

size/geometry, liquid/solid ratio, leaching solution replacement frequency, and differences in pH 

levels and temperature conditions. A summary of the most common leaching test standards, 

ANSI/ANS-16.1 and ASTM C1308-21, is discussed in the subsequent sections. 

1.4.1 American Nuclear Society (ANS) 16.1 standard for the leaching test 

Several leaching tests assume bulk diffusion, as described by Fick's law, as the primary mechanism 

governing the release of nuclides [30,31]. One widely used procedure is the ANSI/ANS 16.1 

standard, which provides a uniform method to assess material suitability as a wasteform for 

targeted low/intermediate-level waste elements, quantified by the leachability index (LX) [28]. 

The ANSI/ANS 16.1 test involves immersing a monolith specimen in deionized water, replacing 

the leachant at designated intervals over 5 days, and extendable up to 90 days. The test protocol 

includes maintaining a constant ratio of leachant volume to the specimen's exposed surface area 
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and monitoring the cumulative leaching fractions (CFL). The resulting data are used to calculate 

the effective diffusivity (De) and subsequently, the leachability index (LX). 

The effective diffusivity (De) of the solid monolith wasteform is derived from Fick’s second law, 

the solutions to which depend on specimen shape and size as outlined in ANSI/ANS 16.1 [28]. If 

< 20% (CFL < 0.2) of a leachable species is leached from a uniform, regularly shaped solid, its 

leaching behavior (if diffusion controlled) approximates that of a semi-infinite medium. Under 

these conditions the mass-transport equations permit the calculation of an “effective diffusivity” 

by Eq. 1. If more than 20% of a leachable species has been leached by the time, t, the effective 

diffusivity can only be calculated from a shape specific solution of the mass transport equations.  

Where an = quantity of a nuclide (Cs) released from the specimen during the leaching interval n in 

g, A0 = total quantity of a given contaminant (Cs) in the specimen at the beginning of the first 

leaching interval (i.e., after the initial 30-s rinse) in g, V = volume of the specimen (cm3), 

S = exposed surface area of the specimen (cm2), (Δt)n = duration of the nth leaching period in 

seconds, tm = leaching time representing the “mean time” of the nth leaching interval. 

The leachability index (LX), Eq. 2, is a material parameter defined by the ANS 16.1 standard as 

“an index value related to the leaching characteristics of solidified waste materials”. It is used to 

quantify the ability of a wasteform to impede the release of hazardous components when the 

material comes in contact with water. As specified in the standard, the U.S. Nuclear Regulatory 

Commission requires that LX meets a minimum acceptable value of 6.0 [28]. 

 𝑫𝑫𝒆𝒆 =  𝝅𝝅 �𝒂𝒂𝒏𝒏 𝑨𝑨𝟎𝟎⁄  

(∆𝒕𝒕)𝒏𝒏 �𝟐𝟐 × � 𝑽𝑽𝑺𝑺 �𝟐𝟐 × 𝒕𝒕𝒎𝒎  Eq. 1 
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1.4.2 IAEA (ASTM C1308-21) standard for the leaching test 

Similar to the ANS 16.1 standard, the IAEA semi-dynamic leach test standard [32] provides a 

systematic approach for evaluating how radionuclides are released from solidified materials. It 

suggests experimental conditions to ensure accurate results, and to determine immobilization 

performance of wasteforms. The standard can aid in identifying whether the release is due to mass 

transport (like diffusion), surface dissolution, or a combination of both. When mass diffusion is 

the main release mechanism, the test results could be used to calculate diffusion coefficients, which 

are essential for mathematical models that rely on diffusion. For surface dissolution, the kinetic 

dissolution rate could be calculated, crucial for dissolution-based modeling.  

In cases where both mechanisms are involved, the test method recommends the assessment of 

effective diffusion coefficient values, which contributes to an improved understanding of the 

release mechanism. Further, elevated temperatures could be used in the tests to accelerate the 

leaching process and determine the temperature range where the release mechanism is consistent. 

Results obtained at higher temperatures could be used to estimate releases at lower temperatures 

over longer periods.  

The test procedure involves immersing a well-defined specimen (typically a cylinder or a cuboid) 

in a specified volume of leachant (the leachant volume used for each interval is 10x the surface 

area of the specimen), with a complete replacement of the leachant at regular one-day intervals. 

Subsequently, the concentration of a specific element is measured in the recovered solution after 

each interval. The test results are then utilized to calculate the incremental fraction leached (IFL) 

and cumulative fraction leached (CFL). These values are subsequently subjected to analysis to 

 

 
𝑳𝑳𝑳𝑳 =  

𝟏𝟏𝒏𝒏��𝒍𝒍𝒍𝒍𝒍𝒍 � 𝟏𝟏𝑫𝑫𝒆𝒆��𝒏𝒏
𝒊𝒊=𝟏𝟏 𝒊𝒊 Eq. 2 
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ascertain whether an analytical model can effectively describe the release process. In summary, 

this method proves highly valuable for comprehending the release of substances from materials, 

especially within the context of waste forms and the assessment of long-term contamination. 
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2. Immobilization of radionuclides in Portland Cement-based 

composite systems  

For immobilization of LILW (predominantly liquid waste), the primary viable conditioning 

technology that is commercially prevalent is cementation [33,34]. The most widely used cement-

based inert “binders” are Ordinary Portland cement (OPC), cement–polymer composites, and 

alternative binding systems [4,34]. These materials are low-cost (OPC cost in USA was 

approximately between $120 to $130 per metric ton in 2018-2023) and readily available [35]. For 

several decades now, OPC has been used for the immobilization of nuclear waste in most 

developed countries of the world. This is traceable to its high resistance to ion transport, its 

solubility-limiting high alkalinity, and the availability of a huge surface area in cement hydrates 

that is conducive for the sorption/ion exchange of radionuclides. The proposed binding 

mechanisms in the cement systems include the precipitation of metal ions into the alkaline matrix 

as an oxide, incorporation of metal ions into hydrated cement materials, or adsorption of metal 

ions onto the cement surface [36]. Previous studies [37–39] have shown that economical and 

readily available OPC composites are very good at acting as either a physical barrier or chemical 

binder of radionuclides and other toxic metals. Besides its low cost and availability, cement is also 

tolerant of both solid and liquid low/intermediate-level radioactive waste (LILW) with highly 

varying characteristics. It remains stable and durable over time, thereby minimizing risks to the 

general public (IAEA-TECDOC-1397 [40]; IAEA-TECDOC-1701 [41]). In a recent review, 

Tyupina et al. [42] provided a comprehensive summary of the applications of Portland cement 

composites either as a matrix/buffer material or as a lining/backfilling material component in 

nuclear waste disposal facilities. 
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2.1 Immobilization of cesium in traditional cementitious materials 

Immobilization studies of Cs ions in traditional cementitious materials have reported rather poor 

performance, with relatively high effective diffusivity De = 10-7 to 10-9 cm2/s in short and long-

term leaching assessments [12,43]. Table 4 summarizes the reported effective diffusivities (De) in 

cement-based systems for Cs immobilization. The immobilization mechanism in OPC-based 

systems is mainly based on the precipitation of the corresponding hydroxides due to the highly 

alkaline pore solution (physical immobilization) [44]. However, this mechanism is ineffective for 

highly soluble Cs (solubility of CsOH in water ~4 kg/L at 15 °C), which also results in high 

effective diffusivity [45]. Therefore, to improve the immobilization of Cs ions, zeolites or 

pozzolanic additives have been attempted. However, incorporating zeolite-A in Portland cement 

or alternative cement variants showed only a minor improvement in the immobilization 

De  ~  5.7×10-8 cm2/s [12]. Furthermore, fly ash belite cement blended with Na-P1 zeolite showed 

improved immobilization with De = 10-9 cm2/s, about two orders of magnitude lower than the OPC 

[38]. Nevertheless, the reported De values are not considered effective for Cs immobilization or 

appropriate for disposal, as per Environment Canada guidelines [46]. The use of unconventional 

high-performance cementitious materials, such as Sulphoaluminate cement (SAC) as explored by 

Xu et al. [47], demonstrated enhanced Cs immobilization, yielding a De value of 8.8×10-10 cm2/s. 

The Cs immobilization mechanism was attributed to physical fixation and mineralogical 

immobilization in the SAC matrix. Additionally, Pyo et al. [48] conducted a study on Magnesium 

Potassium Phosphate (MPP) cement, revealing improved Cs immobilization with a resulting De 

value of 3.5×10-12 cm2/s. However, the study did not provide a comprehensive explanation of the 

Cs immobilization mechanism within the MPP systems. 
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Table 4 
Summary of the reported effective diffusivities (De) in cement-based systems for Cs 
immobilization.  

Where PC: Portland cement; FA = Fly ash; FABC = Fly ash belite cement; SAC = Sulphoaluminate cement; MPP 

= Magnesium Potassium Phosphate. 

Material Test method 

Effective diffusion coefficient 

De (cm2/s) 

Reference 

PC - type I ANSI/ANS 16.1 1.2×10-7 Jang et al. [49] 

PC - type I IAEA 2.4 to 4.7×10-8 Papadokostaki et al. [43] 

PC - type I IAEA 4.6×10-7 El-Kamash et al. [12] 

PC - type I 

ANSI/ANS 16.1 

1.7×10-7 

Guerrero et al. [45] 

PC - type IV 5.9×10-8 

PC – type V 

(water/cement = 0.35) 

Not applicable 

1.1×10-8 

Johnston and Wilmot et al. [50] 

PC – type V 

(water/cement = 0.25) 

2.6×10-9 

PC blended with zeolite A IAEA 5.7×10-8 El-Kamash et al. [12] 

Cementitious wasteforms Not applicable 10-12  to 10-10  Ojovan et al.  [51] 

FABC 

ANSI/ANS 16.1 

2.2×10-7 

Goñi et al. [44] 

FABC with Na-P1 zeolite 2.8×10-9 

PC (w/c = 0.4) 
China GB/T 

7023 

3.6×10-9 
Xu et al. [47] 

SAC 8.8×10-10 

PC (w/c = 0.4) ANS 16.1 2.7×10-8 Goo et al. [52] 

MPP cement ANS 16.1 3.5×10-12 Pyo et al. [48] 
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2.2 Immobilization of strontium in traditional cementitious materials 

Table 5 summarizes the reported effective diffusivities (De) in various cement-based systems for 

Sr immobilization. Investigations into the immobilization of Sr in conventional OPC-based 

systems (for the water-to-cement w/c ratios between 0.35-0.5) have revealed moderate results, 

showing variable effective diffusivity (De) values ranging from 10-8 to 10-11 cm2/s in both short 

and long-term leaching evaluations. The addition of zeolite-A in Portland cement resulted in about 

a 31% reduction in Sr effective diffusivity [12]. Atkins and Glasser et al. [37] were of the opinion 

that the immobilization of Sr occurs either through sorption by cement hydrates or through high 

pH-induced precipitation. Evans et al. [38] suggested that whereas low levels of Sr could be 

immobilized in C4AF, C3A, and C-S-H, C-S-H of low Ca:Si ratio, AFt and C3AH6 were more 

effective in immobilizing Sr. This was partly confirmed in the study by Ke et al. [39] which showed 

that the immobilization of radionuclides occurred mainly in C-S-H gel, ettringite and calcium 

carbonate phases. The expansive micropores and surface area make the C-S-H conducive for the 

adsorption of radionuclides [53]. A specific surface area of approximately 700 m2/g has been 

reported for the C-S-H [54].  

The utilization of unconventional high-performance cementitious materials, such as 

Sulphoaluminate cement (SAC) as investigated by Xu et al. [44], exhibited a one order of 

magnitude reduction in the effective diffusivity of Sr immobilization relative to an OPC matrix, 

yielding a De value of 7.9×10-12 cm2/s. A recent study on the use of  Wollastonite-based brushite 

cement by Jdaini et al. [55] demonstrated effective Sr immobilization, reporting a De value of 

4.4×10-15 cm2/s.  Further, Pyo et al. [45] conducted a study on Magnesium Potassium Phosphate 

(MPP) cement, revealing significantly improved Sr immobilization with a resulting De value of 

2.8×10-17 cm2/s after 90 days of test duration.  



23 

 

Table 5 

Summary of the reported effective diffusivities (De) in cement-based systems for Sr 
immobilization.  

Material Test method 
Effective diffusion coefficient 

De (cm2/s) 
Reference 

PC - type I (w/c = 0.5) 
ANSI/ANS 

16.1 
3.3×10-10 Jang et al. [49] 

PC IAEA 1.4×10-13 Barnes et al. [56] 

PC (w/c = 0.4) IAEA 1.4 to 4.5×10-12 
Matsuzuru and Ito 

[57] 

PC (w/c = 0.35) 

IAEA 

5.4×10-8 

El-Kamash et al. 
[12] 

PC blended with zeolite A (w/c = 0.35) 3.7×10-8 

PC (w/c = 0.4) ANS 16.1 7.6×10-11 Goo et al. [52] 

MPP cement 
ANSI/ANS 

16.1 
2.8×10-17 Pyo et al. [48] 

PC (w/c = 0.4) 

China GB/T 
7023 

7.3×10-11 

Xu et al. [44] 

SAC (w/c = 0.4) 7.9×10-12 

Wollastonite-based brushite cement 
Cement (L/S = 1.25) 

ANSI/ANS 
16.1 

4.4×10-15 Jdaini et al. [55] 

Where PC: Portland cement; SAC = Sulphoaluminate cement; MPP = Magnesium Potassium Phosphate. 

2.3 Limitations of Ordinary Portland cement (OPC)-based materials as a conditioning 

matrix for cesium and strontium  

In addition to the poor immobilization of soluble radionuclides, OPC has further limitations 

concerning the adverse impact on the environment, acid corrosion resistance, thermal stability, 

freeze-thaw behavior, and radiolytic hydrogen [4,58,59].  The cement sector is the second-largest 
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global industrial CO2 emitter; it is estimated that OPC production alone contributes 1.35 billion 

tons of GHG emissions each year [60]. Approximately 1 ton of CO2 is generated to produce 1 ton 

of cement [61]. The two main processes that emit CO2 in cement production are the kiln calcination 

of limestone (CaCO3 + heat → CaO + CO2) and the combustion of fossil fuels for heating [62]. 

Global cement production is increasing every year and in recent years, cement-related CO2 

emissions have reached ~10% of total global CO2 emissions, Figure 6. Therefore, there is an 

urgent need to minimize CO2 emissions from the cement industries, which could be achieved either 

by producing clinker-free cement or by partially/completely replacing OPC with supplementary 

cementitious materials. 

 

Figure 6:  CO2 emissions related to cement production and its ratio to total CO2 emissions [62].  

Significant weight loss was determined in the OPC matrix after the acid corrosion test [58,63]; for 

example, immersion of OPC in acetic acid and sodium acetate-based buffer solution (pH = 3.6) for 
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60 days resulted in ~25% matrix mass being lost within the first 20 days and the mass loss continued 

with the remaining immersion time [58]. The deterioration or mass loss in OPC in an acidic 

environment is caused by the dissolution of calcium hydroxide crystals and the decalcification of 

calcium silicate hydrate gels. The dissolution of these phases under an acidic environment typically 

leads to increased porosity and enlarged capillary pores, noticeably unfavorable for Cs 

immobilization [64].  In addition, exothermic geological activities and nuclear disintegration of 

radioactive waste could increase the temperature of solidified wasteforms buried within deep strata 

landfills. Therefore, the thermal stability of the wasteform becomes very important. Further, the 

main strength-building phase in cement is the hydrated C-S-H (calcium-silicate-hydrate) phase, 

and radiolysis generates radiolytic hydrogen, which presents a hazard [65].  The problem related to 

radiolytic hydrogen can be solved by dehydrating the cement. However, dehydrating cement by 

heating treatment can severely impact the cement structure and mechanical properties since water 

is an essential component of the C-S-H phase [4]. Also, the Ca(OH)2 phase decomposition in OPC 

occurs at ~500 °C and results in the disintegration of cement [63], which is undesirable, especially 

from a conditioning and safe storage point of view. 

The freeze-thaw (F-T) behavior of OPC and its derivatives is problematic since it can lead to 

microscopic/macroscopic cracking from the expansion/contraction of hydrous phases [4]. Cement 

absorbs and retains moisture when exposed to repeated freeze-thaw cycles. As a result, the pore 

water in OPC expands during the freezing cycles and leads to internal micro/macro cracking, 

resulting in lower compressive strength [66]. For example, a study reported a decrement of ~10-

15% in the compressive strength of OPC after 15 freeze-thaw test cycles (one cycle of 7 h: −20 °C 

for 3 h and 20 °C for 4 h) [58]. The freeze-thaw problem can be minimized by dehydrating cement 

but at the cost of degradation in the cement structure and properties. Relative to Cs-doped FA-
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based AAM, F-T induced loss of compressive strength observed in Cs-doped OPC was almost 3.8 

times higher after fifteen test cycles [58]. In a related study, Xu et al. [67] subjected Sr-loaded 

metakaolin-based AAM and OPC blocks to fifteen F-T cycles, and their results indicated about 

9.4% reduction in compressive strength of the former and 21% for the latter. Pareek et al. [68] also 

investigated the F-T durability of normal strength concrete made of recycled aggregate and high-

density OPC concrete (made with steel ball aggregates) to be utilized for the radiation-shielding 

of Cs-contaminated soil. Test results showed approximately 80% and 0% drops in the relative 

dynamic modulus of elasticity of the normal strength and high-density concrete mixtures after one-

fifty F-T cycles, respectively. Therefore, over an extended period of exposure to F-T cycles, 

normal strength, OPC concrete mixtures made with recycled aggregates are unsuitable for 

radioactive shielding of radionuclides. Therefore, the freeze-thaw behavior of OPC-based systems 

is unfavorable for the immobilization of Cs and Sr. 

In summary, the long-term durability of the OPC exposed to environmental weathering and the 

potential for the leaching of radionuclides through micro-cracks is a huge source of concern. This 

is particularly critical because many radionuclides with long half-life remain hazardous over a long 

period. The transport of groundwater through cracks would vitiate the cement matrix 

microstructure, causing the degradation of radionuclide-bearing cement phases and ion leaching. 

Due to the limitations mentioned above in the OPC systems for Cs and Sr immobilization, 

alternative low-cost and environmentally friendly materials that are thermally and chemically 

stable are required for the conditioning of wastes. Therefore, to reduce the leaching susceptibility 

of nuclear waste containment facilities, more durable alkali-activated alumino-silicate matrices 

(AAMs) have been proposed. The main attraction for alkali-activated matrices is the lack of 
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metastable hydrates, the precipitation of C-S-H with low Ca/Si ratio, and excellent resistance to 

deleterious solutions [69]. 
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3. Immobilization of radionuclides in alkali-activated matrices 

Alkali-activated materials (AAMs) such as geopolymers, also known as low-temperature 

inorganic cementitious aluminosilicate binders or alkali-bonded ceramic, have gained attention for 

effective immobilization of hazardous waste owing to their excellent environmental stability [69–

71]. In addition, a wide array of characteristics such as tunable chemical composition, easy 

processing,  good thermal and mechanical properties further endorse the suitability of AAMs as 

robust immobilization matrices for various hazardous elements such as Cs, Sr, Pb, Cd, Co, and Cr 

[70,72,73]. From the immobilization stance of hazardous cations, the amorphous or semi-

crystalline three-dimensional network structure of geopolymers mainly consists of SiO4 and AlO4 

tetrahedra linked alternately by sharing the oxygen atom [74,75]. The Al3+ in IV-fold coordination 

in the GP framework are charge-balanced by cations such as alkali metal or hazardous metal 

counterions [76]. This interaction facilitates physical immobilization through electrostatic 

attraction and impedes the leaching of cations through the geopolymer matrix. Further, upon heat 

treatment, the solidified waste form can be transformed into a stable crystalline phase of the 

hazardous element, resulting in chemical immobilization. The durable chemical bond can 

effectively restrict diffusion from the inner to the outer surface of the geopolymer matrix [77]. 
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3.1 Immobilization of cesium in alkali-activated matrices  

As discussed previously, the effective diffusion coefficients (De) of waste forms derived from 

Ordinary Portland cement typically fall within the range of 10-7 to 10-8 cm²/s for Cs immobilization, 

and their LX values are typically around 7.0. AAMs on the other hand have demonstrated a wide 

range of De and LX values for Cs immobilization, Table 6.  

The room temperature cured AAMs such as Metakaolin-based geopolymer (GP), as discussed by 

He et al. [78], and the fly ash-based GP by Jain et al. [79] exhibited LX values ranging from 6.6 to 

8.9. Notably, these values are comparable to or higher than those for traditional Ordinary Portland 

Cement (OPC)-based systems (Table 6). Haddad et al. [80] observed an enhancement in LX values 

(10–10.8) for metakaolin-GP systems when cured at 40 °C for 1 week, 1 month, and 3 months. 

Similarly, Jang et al. [49] reported LX values of 10–10.2 for fly ash-based GP systems cured at 

60 °C for 24 hours, followed by additional curing at 20 °C for four weeks. In an effort to improve 

LX, He et al. [78] attempted to form pollucite in the metakaolin-based GP system through elevated 

heat treatment at 1000 °C for 2 hours, resulting in LX values ranging from 8.9 to 12.6, depending 

on the Na/Cs ratios in the mix design. The recent studies by Jain et al. [79,81,82] focused on fly 

ash-based GP systems cured at 90 °C for 7 days, demonstrating relatively high LX values within 

the range of 12.0–14.6. The improvement in Cs immobilization was attributed to the in-situ 

formation of pollucite in the fly ash-based GP matrix, leading to very low De values (~2.5× 10-15 

cm²/s), indicating negligible Cs leaching. This De value is approximately 8 orders of magnitude 

lower than that for the traditional OPC-based system (assuming LX = 7). 

Table 7 provides a concise summary of all the experimental conditions and comparative analyses 

detailed in the following section. 
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Table 6 
Summary of the effective diffusivities De and leachability indexes LX of different alkali-activated 
materials (AAMs) for cesium (Cs) immobilization.  

 

Material Test method De (cm2/s) LX Reference  

MK-GP 

ANSI/ANS 
16.1 

1.7 to 9×10-11 * 10.0–10.8 Haddad et al. [80] 

MK-GP (~22 °C curing) * 2.5×10-7 to 4×10-8 6.6–7.4 

He et al. [78] 

MK-GP (1000 °C curing) * 1.2×10-9 to 2×10-13 8.9–12.6 

AABFS 
ANSI/ANS 

16.1 
1.0×10-9 to 1.6×10-8 7.0–7.8 Komljenović et al. [83] 

FA-GP (in DI water)  

ANSI/ANS 
16.1 

2.6×10-11 to 1.8×10-11 10.6–10.7 

Deng et al. [84] 

FA-GP (in seawater) 2.0×10-9 to 6.3×10-10 8.7–9.2 

FA-GP 1.2 to 1.8×10-10 10.0–10.2 Jang et al. [49] 

FA-GP NA NA Li et al. [58] 

FA-GP NA NA Fernandez-Jimenez et al. [85] 

FA-GP (22 °C curing) 5×10-8 to 1×10-10 7.3–10.0 

Jain et al. [79,81,82] 

FA-GP (90 °C curing) 1×10-12 to 2.5×10-15 12.0-14.6 

* Estimated values calculated from De or LX values, whichever was available in the literature. NA – Not available. 

Where MK-GP: Metakaolin-based geopolymer; AABFS: Alkali-activated blast furnace slag; FA-GP: Fly ash-based 

geopolymers.  
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Table 7 

Comparative summary of experimental conditions and key findings for cesium immobilization in 
alkali-activated materials (AAMs). 

 

Study Synthesis method 
Curing 

conditions 

Cesium 

dosage 

Leaching 

protocols/media 
Key findings 

Fernandez-
Jimenez et al. 
[85] 

Class-F FA + 

  8M NaOH 

(soln/solid = 0.4)  

85 °C or 
120 °C for 
5h and 7d 

1 wt.% 
(CsOH or 
CsNO3) 

TCLP  

(acetic acid in 
deionized water) 

& 

ANS 16.1 

(Deionized 
water) 

Cs associated with geopolymer gel; no 
distinct hydrated Cs compounds 
found; incorporating a low Cs dosage 
did not negatively impact the 
mechanical strength or microstructure 
of FA-GP. 

Li et al. 

[58] 

Class-F FA + 
NaOH + Na2SiO3 
(SiO2/Na2O = 1.5) 

60 °C for 
27 days 

2 wt.% 
(CsNO3) 

Deionized water, 
sulfuric acid, 
magnesium 

sulfate 

GP showed superior immobilization 
compared to OPC in deionized water 
at 25 °C and 70 °C; CFL of GP in the 
magnesium sulfate solution was 
reported to be only 5% compared to 
OPC.  

Deng et al. 
[84] 

Class-F FA + 
NaOH + Na2SiO3 
(SiO2/Na2O = 1.4) 

40 °C for 
28 days 

2 wt.% 
(CsNO3) 

ANSI/ANS-16.1 

Deionized water, 
groundwater, 

seawater 

Irradiated FA-GP showed slight 
increase in CLF (5% more in 
deionized water) than non- irradiated 
FA-GP; irradiation effect was more 
noticeable in a seawater medium; LX 

values exceeded the minimum 
required value of 6.0 in all cases.   

Jang et al. 
[49] 

Class-F FA +  

9M NaOH + 
Na2SiO3 (1:1 

ratio) 

(soln/solid = 0.5) 

60 °C for 
24h, then 

20 °C for 4 
weeks 

1 wt.% 
(CsCl) 

ANSI/ANS-16.1 

Deionized water 

FA-GP showed superior physical 
encapsulation with smaller critical 
pore diameter (50-151 nm) compared 
to PC (284 nm); LX values for Cs: 10-
10.2 for FA-GP, 7.0-8.0 for OPC and 
slag-blended geopolymers.  

Kuenzel et al. 
[86] 

MK + sodium or 
potassium-based 

activator  

Ambient 
temperature 
(22 ± 3 °C) 
for 14 days 

CsOH  

European 
Standard BS EN 

12457-2:2002 

Deionized water 

Sodium-based activators exhibited 
lower leaching of Cs+ ions compared 
to potassium-based activators; Cs+ 
preferentially binds to aluminate 
phases. 

Komljenović 
et al. [83] 

BFS  + Na2SiO3 

(SiO2/Na2O = 1.9) 

95 °C for 1 
day, then at 
RT till test 

CsCl 

(2 and 5 
wt.% Cs) 

ANSI/ANS-16.1 

Deionized water 

A two-stage leaching process with an 
initial rapid leaching phase followed 
by slower diffusion-controlled 
leaching was observed; LX values 
ranged from 7.0 to 7.8. Cs 
incorporation positively impacted 
strength development, although some 
strength loss (4.5% to 22.6%) was 
noted after leaching. 
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Study Synthesis method 
Curing 

conditions 

Cesium 

dosage 

Leaching 

protocols/media 
Key findings 

Jain et al.  

[79,81,82] 

Class-F FA + 5 to 
11M NaOH 

(NaOH soln/FA = 
0.4) 

22 °C -
90 °C for 7 
to 28 days 

CsOH.H2O 
(2-20 wt.% 

of Cs) 

ANSI/ANS-16.1 

Deionized water  

Enhanced Cs immobilization was 
achieved with in-situ pollucite 
crystallization with very low De value 
(2.5×10-15 cm2/s); higher Cs dosage 
led to higher LX values (11.5-14.5); 
improved Cs immobilization with 
extended curing time; diffusion was 
found to be the primary leaching 
mechanism; JMAK model established 
for pollucite crystallization kinetics, 
indicating effective Cs immobilization 
at relatively low temperatures. 

 
Where FA: Fly ash; MK: Metakaolin, BFS: Blast furnace slag, soln = solution, RT = Room temperature, Cs = Cesium.  

Initial investigations into fly ash-based geopolymers (FA-GP), or alkaline-activated fly ash 

(AAFA), for cesium (Cs) immobilization were conducted by Fernandez-Jimenez et al. [85]. AAFA 

was synthesized by activating class-F fly ash with an 8 M NaOH solution at a solution/fly ash ratio 

of 0.4. The Cs dosage, constituting 1 wt.% of the initial fly ash content, was introduced either as 

CsOH or CsNO3 dissolved in the alkaline activator. AAFA specimens were subjected to curing in 

an oven for 5 hours and 7 days at temperatures of 85 °C or 120 °C. Leaching studies employed the 

Toxic Characteristic Leaching Procedure (TCLP) and American Nuclear Society (ANS) 16.1 

leaching protocols. The primary objectives of the investigation were to evaluate the influence of 

cesium salts (CsOH and CsNO3) on the mechanical properties and mineralogical composition of 

AAFA and to examine the impact of curing time and temperature on Cs leaching behavior. Results 

indicated a chemical association of Cs with the amorphous geopolymer gel, suggesting the absence 

of distinct hydrated Cs compounds; however, quantitative validation was not provided. Although 

Cs-bearing zeolite presence was not reported, zeolitic phases such as hydroxysodalite 

(Na4Al3Si3O12OH), herschelite (NaAlSi2O6.3H2O) were observed in FA-GP systems cured at high 

temperatures (40−120 °C), albeit without Cs incorporation. Additionally, the study proposed that 
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incorporating a low Cs dosage (1–2 wt.%) did not adversely affect the mechanical strength or 

microstructure of FA-GP. Leaching results consistently indicated Cs concentrations in the leachate 

(following the ANS 16.1 leaching protocol) below the analytical detection limit of 1 ppm. 

Consequently, the study did not provide a detailed Cs leaching profile or leachability index. It was 

recommended to investigate FA-GP with higher Cs concentrations to enhance the understanding 

of the immobilization mechanisms. 

Subsequently, Li et al. [58] carried out an extensive comparative investigation contrasting FA-GP 

with OPC systems for the immobilization of a simulated radionuclide, specifically 133Cs+. In this 

study, FA-GP was formulated by activating class-F fly ash with a solution of (NaOH and Na2SiO3), 

adjusted to a molar mass ratio of SiO2/Na2O = 1.5. The simulated radionuclide, introduced as 

CsNO3 at a dosage of 2 wt.%, was incorporated into the activating solution. FA-GP specimens 

underwent curing at 60 °C for a duration of 27 days. Leaching tests for both FA-GP and OPC 

systems were conducted in solutions of deionized water, sulfuric acid, and magnesium sulfate. 

Additionally, the thermal stability of these matrices was assessed in terms of high-temperature and 

freeze-thaw resistance. The leaching results of FA-GP and OPC in deionized water at temperatures 

of 25 °C and 70 °C exhibited superior immobilization of 133Cs+ in the FA-GP matrix, irrespective 

of temperature, as illustrated in Figure 7. 

The cumulative fraction leached (CFL, cm) of cesium in the study was expressed by Eq. 3:  

where an = weight of radioactive element in leaching cycle n (g), A0 = initial weight of radioactive 

element (g), S = contact area with the leachant (cm2), V= volume of specimen (cm3). 

The cumulative fraction leached (CFL) of Cs from FA-GP was reported to be merely 5.4% of that 

 𝑪𝑪𝑪𝑪𝑳𝑳 = �∑𝒂𝒂𝒏𝒏𝑨𝑨𝟎𝟎 � �𝑽𝑽𝑺𝑺� Eq. 3 
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observed in OPC at 25 °C and 6.1% at 70 °C. Similarly, the CFL of FA-GP in the magnesium 

sulfate solution was reported to be only 5% compared to OPC. However, leachability index values 

were not reported in the context of these leaching studies. Nevertheless, it was suggested that the 

incorporation of Cs had an insignificant impact on the microstructure and mineral phases of FA-

GP. Additionally, it was also postulated that Cs might be associated with geopolymerization 

products, although direct evidence to support this conjecture was not provided. 

 

Figure 7: Leaching study by Li et al. [58] showing cumulative fraction leached (CFL) of cesium 
with leaching period in deionized water: (a) 25 °C, (b) 70 °C.  

Deng et al. [84] examined the impact of gamma-ray irradiation, sourced externally from 60Co, on 

the leaching behavior of simulated 133Cs+ radionuclides from FA-GP wasteforms. FA-GP was 

produced by activating class-F fly ash using an alkali solution comprising sodium silicate and 

sodium hydroxide, with a molar mass ratio of SiO2/Na2O = 1.4. The simulated radionuclide 133Cs 

(2 wt.% Cs dosage) was introduced in the form of CsNO3. The curing process for FA-GP 

wasteforms involved maintaining them at 40 °C for 28 days. Leaching tests were executed by 

immersing the wasteforms in deionized water, ground water, and seawater in accordance with the 

ANSI/ANS 16.1 method. The outcomes indicated that gamma rays did not induce notable 

morphological alterations in FA-GP, such as deformation, damage, or cracking, except for changes 
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in the distribution of pore sizes. Moreover, the cumulative leaching fraction (CLF) of Cs from 

irradiated FA-GP increased by only 5% compared to non-irradiated FA-GP in deionized water, as 

depicted in Figure 8. The leachability index (LX) values for irradiated and non-irradiated FA-GP 

in deionized water were reported as 10.7 and 10.6, respectively, suggesting an insignificant impact 

of irradiation on Cs leachability. Nevertheless, the irradiation effect was more noticeable in a 

seawater medium, where LX values of 8.7 and 9.2 were reported for irradiated and non-irradiated 

FA-GP, respectively. In summary, the results demonstrated that FA-GP could effectively 

immobilize Cs, even when submerged in seawater. Additionally, all reported LX values exceeded 

the minimum required value of 6.0 according to regulations. The study recommended further 

exploration into the effects of gamma-ray irradiation on damage mechanisms that could potentially 

occur in FA-GP systems. 

 

Figure 8: Cumulative leaching fractions (CLF) of cesium from geopolymer wasteforms in 
deionized water reported by Deng et al. [84].  
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The investigation conducted by Jang et al. [49] focused on the physical immobilization of Cs 

radionuclides in FA-GP, slag-blended geopolymers, and OPC systems. The synthesis of FA-GP 

involved activating class-F fly ash with an activating solution, maintaining a solution-to-solid 

ratio of 0.5. The alkali activator, with a weight ratio of 1:1, comprised a mixture of a 9M NaOH 

solution and a sodium silicate solution (SiO2 = 29 wt.%, Na2O = 10 wt.%, H2O = 61 wt.%, specific 

gravity = 1.38). Stable isotopes of CsCl were utilized to mimic radioactive isotopes, and the Cs+ 

incorporation into the matrix was set at 10 g/L (10,000 ppm or 1 wt.% of fly ash content) relative 

to the volume of all wasteform simulants. The initial setting of FA-GP occurred at 60 °C for 24 

hours, followed by curing at 20 °C for four weeks before demolding. Leaching behavior 

assessment of cesium from these systems was conducted according to ANSI/ANS-16.1 standards. 

Reported LX values for cesium ranged between 10-10.2 for the FA-GP systems, whereas for OPC 

and slag-blended geopolymers, they ranged between 7.0-8.0. The relationship between critical 

pore diameter and the effective diffusion coefficient (De) of water-soluble Cs+ ions was 

established (Figure 9). Critical pore diameter, defined as the diameter with the largest fraction of 

interconnected pores influencing transport properties, served to describe the connectivity of the 

cementitious material. FA-GP exhibited a critical pore diameter ranging from 50-151 nm, notably 

smaller than that of PC (284 nm). Consequently, FA-GP demonstrated superior physical 

encapsulation ability, effectively retarding the diffusion of Cs nuclides, in comparison to OPC or 

slag-based systems. 
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Figure 9: Relationship between the critical pore diameter of the binder and the diffusivity of 
water-soluble ions such as cesium (Cs) and strontium (Sr) reported by Jang et al. [49]. In the 
figure, F, S, and PC stand for fly ash-based geopolymers, slag-based geopolymers, and ordinary 
Portland cement, respectively.  

The study by Kuenzel et al. [86] suggested that the specific activator employed in the activation 

of alkali-activated cement (AAC) could also have a significant influence on the immobilization 

efficiency of Cs+ ions. The research indicated that AACs activated with sodium-based activators 

exhibited a lower leaching of Cs+ ions in comparison to those activated with potassium-based 

activators. The Cs+ ions, characterized as weak Lewis acids, tend to preferentially bind to 

aluminate phases during the formation of the AAC matrix, displacing sodium ions in the gel 

structure, as aluminate acts as a weak Lewis base.  

In the study conducted by Komljenović et al. [83], the mechanical and structural properties of 

alkali-activated binders (AAB) based on blast furnace slag (BFS) doped with 2 and 5 wt.% Cs 

were investigated. The study identified a two-stage leaching process, with an initial rapid leaching 
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of non-bound or loosely bound ions followed by slower diffusion-controlled leaching. The addition 

of cesium to AABFS positively impacted its strength development, but some strength loss 

(between 4.5% to 22.6 %) was observed after leaching. Cesium was found to be preferentially 

associated with alkali-aluminosilicate gel, and correlations were established between 

compositional ratios and compressive strength. Additionally, aluminum released during leaching 

remained within the AABFS matrix, triggering gel reconstruction processes. The LX values were 

reported between 7.0 and 7.8 for the AABFS cured at 95 °C for 1 day. 

The recent research conducted by Jain et al. [79,81,82] aimed at developing low-temperature 

effective and sustainable techniques for immobilizing cesium (Cs) in nuclear waste using NaOH-

activated fly ash-based geopolymers (FA-GP). In the initial investigation [79], the authors 

identified key factors that affected Cs immobilization, such as curing temperature and the 

interaction between Cs dosage and curing temperature, Figure 10. FA-GP cured at 90 °C 

demonstrated superior Cs immobilization performance, notably with in-situ pollucite 

crystallization. It was reported that the combination of the chemical (within the amorphous gel and 

zeolitic phase) and physical (adsorbed on surfaces and trapped within porosity) immobilization of 

Cs in FA-GP resulted in the very low De value of 2.5×10-15 cm2/s, which is ~ 8 orders of magnitude 

lower than the traditional OPC-based system.  
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* Cumulative cesium leached (%) from FA-GP containing 20 wt.% Cs after five days leaching period 

Figure 10: Effect of cesium dosage and curing temperature on the LX of 5M NaOH-activated 
FA-GP after (a) 7 days [79].  

Subsequently, the authors examined Cs dosage and curing time effects on Cs leaching behavior 

(kinetics and mechanisms) and immobilization in FA-GP [81], emphasizing the significant role of 

in-situ pollucite formation. The results suggested that Cs dosage affected the resulting phase 

compositions and pore structure of FA-GP, eventually influencing the Cs immobilization in these 

matrices. The leaching behavior depended on the Cs dosage, Figure 11. It was suggested that the 

higher dosage (≥ 8 wt.%) of Cs provided conditions for in-situ pollucite crystallization within the 

FA-GP matrix and resulted in a significant increase in the LX values, e.g., from 11.5 (for 5 wt.% 

Cs) to 14.5 (for 20 wt.% Cs). Further, it was revealed that the cumulative leached fraction and the 

leaching rate of the room-temperature cured FA-GP improved significantly with an extended 

curing time of 180 days, irrespective of the Cs dosage. Furthermore, diffusion was suggested to be 
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the primary mechanism governing the leaching of Cs in the FA-GP systems.   

 

Figure 11: Effect of cesium dosage on the immobilization performance (LX) of fly ash-based 
geopolymers (FA-GP) cured at 90 °C for 7 days [81].  

Finally, the authors explored the kinetics of in-situ pollucite crystallization in FA-GP systems 

(containing 20 wt.% Cs) using the JMAK model and determined a linear correlation between 

pollucite content, Cs immobilization, and various FA-GP properties [82]. It was suggested that the 

Cs immobilization (LX) improved as the amount of in-situ pollucite content in the FA-GP systems 

(containing 20 wt.% Cs) increased with curing time, Figure 12. Further, it was shown that the 

amorphous phase in the FA-GP systems transformed primarily into the crystalline phase of 

pollucite. The JMAK kinetics model for in-situ pollucite crystallization in the FA-GP system was 

established, and sigmoid types of curves were obtained, Figure 13. A low activation energy (~25 

kJ/mol) indicated feasible pollucite crystallization and effective Cs immobilization at relatively 

low temperatures.  
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Figure 12: (a) Leachability index (left vertical axis) and pollucite content (wt.% within ±0.4 SD) 
in FA-GP (right vertical axis) as a function of curing time and (b) Linear relationship between 
leachability index (LX) and wt.% of pollucite formed X(t) in 90 °C cured FA-GP systems 
containing 20 wt.% Cs dosage [82]. 

 

Figure 13: JMAK kinetic model for pollucite crystallization in the FA-GP systems (containing 
20 wt.% Cs) for three different temperatures (56, 73, and 90 °C) along with the experimental 
data  [82]. 
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Collectively, these findings have shown AAMs as a promising material for efficient and 

sustainable Cs immobilization in nuclear waste, demonstrating the potential for controlled Cs 

immobilization and long-term storage applications. 

3.2 Immobilization of strontium in alkali-activated matrices  

In OPC matrices, the presence of a high amount of bound water and the occurrence of Sr2+ 

adsorption on partly hydrated cement phases via reversible ion-exchanges creates potential 

environmental release risks [87]. Therefore, matrices such as AAMs that attain full hydration with 

less water within a short period of time are more favorable for Sr2+ immobilization. Furthermore, 

the high ion-exchange capacity and the similarity in the dense network of SiO4 and AlO4 

tetrahedrons makes the AAM a formidable zeolite precursor [88] with a huge number of exchange 

sites where alkali ions could be substituted with radionuclides. The most common aluminosilicate 

precursor materials used in synthesizing AAMs for Sr2+ immobilization are metakaolin, coal fly 

ash, and ground granulated blast furnace slag (GGBS). Table 8 illustrates the effective diffusivity 

(De) range concerning the immobilization of Sr in different Alkali-Activated Materials (AAMs), 

encompassing fly ash/slag-based and metakaolin-based geopolymers. The De values documented 

in AAMs are either comparable or lower than those observed in conventional Ordinary Portland 

Cement (OPC)-based systems for Sr immobilization, indicating their viability as robust candidates 

for the immobilization of Sr. 
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Table 8 

Summary of the effective diffusivities De of different alkali-activated materials (AAMs) for 
Strontium (Sr) immobilization.  
 

Material Test method 
Effective diffusion coefficient 

De (cm2/s) 
Reference 

FA – AAM (L/S = 0.5) 

ANS 16.1  

6.8×10-15 to 1.3×10-14 

Jang et al. [49] 

FA + slag – AAM (L/S = 0.5) 2.1×10-13 to 5.1×10-12 

MK-GP (Room temperature) 

ANS 16.1 

3.2×10-10 

Jia et al. [89] 

MK-GP (600 °C) 5.0×10-11 

MK-GP (800 °C) 1.0×10-8 

MK-GP (1000 °C) 3.2×10-9 

MK-GP (1200 °C) 2.0×10-12 

Where FA: Fly ash; MK-GP: Metakaolin-based geopolymer; AAM: Alkali-activated materials  

Metakaolin, a very reactive and aluminum-bearing anhydrous form of the clay mineral kaolinite 

has been successfully used for the encapsulation of radionuclides. The retention efficiency 

increased as the Si/Al and Ca/(Si+Al) ratio in amorphous geopolymer gels decreased. Results from 

the study by Walkley et al. [90] showed that Sr2+ are easily accommodated in amorphous (N,K)-

A-S-H in metakaolin-based AAM cured at 20°C by displacing some of the alkali cations from the 

extra-framework sites and decreasing the Si/Al ratio of the gel. Sr2+ also promoted the formation 

of zeolite A (Linde Type A-LTA) and Sr-partially substituted zeolite Na-A in samples cured at 

80°C. With the micro pores in these zeolites, Sr could be easily exchanged with cations loosely 

bound to the framework structure. Xu et al. [91] was of the opinion that Sr2+ is typically 

incorporated in zeolite framework structure, acting as the charge balancing cation.  

Relative to OPC matrix, Jang et al. [49] showed that reduced critical pore diameter and capillary 

pore volume in fly ash-based AAM was instrumental to the decreased diffusivity of Sr2+ they 
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observed. Liu et al. [92] showed that the lower total porosity of fly ash-slag-metakaolin–based 

AAM compared to OPC is responsible for the reduced leaching of Sr2+ observed in the former. 

Tian and Sasaki [93] investigated the stabilization of Sr2+ in fly ash-based AAM, and they reported 

that ion exchange with alkaline ions is the main process with free energy ranging from 9.56 to 

14.56 kJ/mol, with no new phases formed afterward. Research findings by Jang et al. [49] also 

indicated that slag-blended AAM had higher capillary pore volume with widespread dispersion 

and elevated Sr2+ leaching relative to fly ash-based AAM. A related study by Vandevenne et al. 

[94] investigated the immobilization of Sr2+ in slag-based AAM, and their findings indicated that 

Sr2+ mainly precipitated as Sr(OH)2, negatively affecting reaction kinetics of precursor materials, 

thereby stunting matrix strength development. Nonetheless, some research studies have shown that 

the drawback observed in slag-containing AAM could be ameliorated using binder material 

blending and hybridization. Relative to the plain slag-based AAM, Guangren et al. [95] reported 

reduced leaching of Sr2+ in slag-based AAM enriched with aluminum (metakaolin), and this 

development was ascribed to the production of (Na+Al)-substituted C-S-H and self-generated 

zeolite which had superior selective adsorption of Sr2+. Huang et al. [96] reported that the addition 

of sodium hexametaphosphate slag-based AAM activated with sodium silicate/sodium hydroxide, 

and subsequently microwaved showed enhanced mechanical strength development and 

Sr2+ encapsulation.  

Good resistance to elevated temperature-induced deterioration is another attribute that 

distinguishes AAMs from OPC, making the former more useful for radionuclide encapsulation. 

Relative to the Portland cement matrix, He et al. [97] showed that although increased storage 

temperature can enhance the release of the Sr2+, its leaching rate in metakaolin AAM was still 100-

200 times lower. Zeolite microspheres produced through in-situ thermal curing of slag-based AAM 
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blended with metakaolin were also shown to have enhanced adsorptive removal of Sr2+ from 

wastewater [98]. High temperature sintering (1100°C) of K-based metakaolin AAM-zeolite A 

composite has also been used to transform amorphous gel and zeolite A, creating a ceramic waste 

form that contains crystalline (leucite and Sr-feldspar) phases, that readily incorporate the Sr [99]. 

In general, the immobilization of radionuclides such as Sr2+ in AAMs can occur in three ways; 

physical adsorption, ion exchange, and hydrates encapsulation. Although the very high alkalinity 

of the AAM matrix ensures reduced solubility of the Sr2+, the very dense microstructure and low 

porosity of these matrices are quite instrumental to the increased physical adsorption of 

radionuclides.  

It has also been reported that the valence of radionuclides is also an important factor. The 

investigation by Xu et al. [91] showed that compared to monovalent cations, higher valence cations 

have a stronger affinity for the non-bridging oxygen sites in the silicate tetrahedron. Moreover, the 

ion exchange phenomenon whereby radionuclide cations with a comparable radius substitute 

charge-balancing alkali earth metal ions in negatively charged sites in hydrates structure is also 

another significant immobilization mechanism. The poorly crystallized C-S-H with broken bonds 

in AAMs allows easier substitution of Al3+ for Si4+, thereby creating a net negatively charged 

aluminosilicate chains conducive for cation exchange. The open cavity/huge surface area of zeolite 

in the AAM is also favorable for the encapsulation of the Sr. Findings from these studies (Provis 

et al. [100]; Tian et al. [88]), the similarity in the dense network of SiO4 and AlO4 tetrahedrons 

makes the aluminosilicate hydrate gel ((N,K)-A-S-H), a formidable zeolite precursor or proto-

zeolitic structure with a huge number of ion exchange sites. Blackford et al. [101] showed that Sr2+ 

can be partly and predominantly retained in amorphous (N,K)-A-S-H gel and crystalline SrCO3, 

respectively. However, the encapsulation efficiency in AAM is also dependent on the size of these 
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ions; where with similarity in ionic radius and retention selectivity, the formation of zeolites is 

easier [102]. It has also been noted that the concentration of divalent cations such as Ca2+ and Mg2+ 

strongly influence Sr2+ exchange process, hence AAMs with low-calcium content and less 

dissolved Ca2+ in the pore solution are preferable [103]. Structural deformation that could affect 

pore size distribution in matrices after cation exchange is also another factor that influences the 

encapsulation of radionuclides. Indeed, Tian and Sasaki [93] reported that the substitution of 

monovalent cations with divalent cations with larger radius would lead to a reduction in pore space. 
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4. Durability requirements of cement and alkali-activated matrices 

Fundamentally, cement-like materials such as Portland cement or AAMs are porous solids that 

consist of a complex blend of gel-like and crystalline phases, accompanied by an interstitial pore 

solution that maintains chemical equilibrium with the solid phase [69,104]. The proportion of 

various solid phases generated during hydration reactions is contingent upon factors such as the 

water-to-binder ratio, binder composition, and the inclusion of additives to aid in product 

placement and handling. If the purpose of the cementitious material is to immobilize or delay the 

release of hazardous wastes, the waste composition can also impact the final waste form's solid 

phase content. The physical characteristics of the matrix, including porosity, permeability, and 

conductivity, are influenced by both the composition of the solid phase and the quantity of 

coarse/fine aggregate typically incorporated to enhance strength and durability. Over time, a 

cementitious monolith may interact with different surrounding media, exposing it to water, 

dissolved constituents, or gases (including water vapor and air). The transfer of these substances 

between materials is influenced by the physical-chemical properties of the surrounding materials, 

which, in turn, are affected by the design of the engineered system. The surrounding media may 

comprise an open atmosphere (e.g., air in contact with above-ground vaults), steel (e.g., tank 

liners), soil or granular fill (compacted fill around buried structures, either unsaturated or water-

saturated), or contained liquids (e.g., unlined spent fuel pools). In these scenarios, the cementitious 

monolith, serving as structural concrete, grout, or a waste form, may exhibit some degree of 

cracking, either initially or progressing over the monolith's lifespan. Figure 14 provides a 

conceptual representation illustrating potential release processes, influential physical and chemical 

factors, and interfacial phenomena that may occur upon the introduction of a cementitious barrier 

into the environment [105]. 
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Figure 14: Internal factors and external phenomenon that can influence the leaching process in 
cementitious materials [105]. Here, DOC in the figure refers to the degree of carbonation.  

Therefore, ensuring the robust durability of waste forms becomes crucial for the extended storage 

of nuclear waste, assuring the effectiveness of the engineered barrier system over the long term. 

4.1 The effect of leaching temperature on cesium and strontium immobilization and 

leaching rates 

Although the influence of temperature on the microstructure and phase composition of cement and 

AAMs is well-known, its effect on the leaching of radionuclides is not fully clarified. Fuhrmann 

et al. [106] showed that the leaching of radionuclides from solid cement waste forms not only 

accelerated with increasing temperature, the leaching of Sr was also transformed from diffusion-

controlled to a different mechanism at temperatures above 50 °C. In addition, Cs was suggested to 

be leached by diffusion mechanism (regardless of the temperature) that is modified by adsorption 

possibly on calcium carbonate that formed on the surfaces of the waste forms [106]. Erdemoǧlu 
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and Canbazoǧlu [107] investigated the leaching of strontium sulfide (SrS) with water, and their 

findings indicated that precipitates such as Sr(OH)2 became more soluble with increases in 

temperature, thereby making Sr more susceptible to leaching.  

Papadokostaki and Savidou et al. [43] studied the leaching mechanisms of Cs ions incorporated in 

Ordinary Portland Cement at 30 °C and 70 °C. The long-term leaching experiments revealed an 

expedited elution process, a phenomenon not discernible in short-term leaching tests. This 

acceleration was linked to increased porosity arising from the erosion of the cement matrix, 

particularly pronounced at elevated temperatures (70 °C). It was suggested that high temperature 

leaching could be useful as an accelerated test, which can detect deviations caused by erosion on 

a shorter time scale.  

Li et al. [58] conducted long-term leaching tests on Cs-containing waste in deionized water at 

25 °C and 70 °C, revealing that higher temperatures increased the cumulative leached fraction for 

both OPC and AAM systems. The transition from 25 to 70 °C escalated leaching rates in both 

AAM and cement matrices, likely due to an expanded pore diameter facilitating simulated 

radionuclide diffusion. Despite temperature variations, AAM (fly ash-based geopolymer) 

consistently demonstrated effective immobilization of 133Cs+, attributed to its lower total porosity, 

resulting in reduced permeability and ion diffusivity. Compared to cement, alkali-activated fly ash-

based geopolymer proved more suitable for Cs immobilization.  

4.2 The effect of freeze-thaw cycles on cesium and strontium immobilization and leaching 

rates 

Temperature cycling due to weather/seasonal changes can also lead to the development of residual 

strains and thermal cracking of solid monoliths. Xu et al. [108] investigated the thermal durability 

of Sr-loaded zeolite encapsulated in either cement or metakaolin-AAS solid, and they observed 
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that while cement blocks experienced significant micro cracking and loss of compressive strength 

on exposure to high temperatures and freeze-thaw temperature cycles, AAS blocks showed no 

micro-cracking and limited strength loss. Cyclic expansion/contraction of AAM waste forms 

subjected to freeze-thaw loading could lead to the gradual development of leaching-enhancing 

micro-cracks. A few studies (Li et al. [58]; Xu et al. [91]; Tan et al. [109]) showed that compared 

to OPC matrices, Cs and Sr-bearing AAMs had a superior structural resistance to freeze-thaw 

degradation, losing just 4-10% of the initial compressive strength after 15 freeze-thaw cycles. 

However, a related study by Li et al. [110] indicated that the freeze-thaw durability of Sr-bearing 

AAM was dependent on the number of cycles, the loss of compressive strength increasing to about 

20% after 45 freeze-thaw cycles, albeit without compromising the immobilization of the Sr 

radionuclide. Therefore, given that the waste forms evaluated were subjected to a limited number 

of freeze-thaw cycles, long-term freeze-thaw studies investigating the solubility of radionuclides 

and its effect on the ice crystallization temperature/pressure, and the associated water-saturation 

proclivity on the freeze-thaw resistance of waste forms are required. 

4.3 The effect of carbonation on cesium and strontium leaching rates 

Carbonation is the process whereby atmospheric CO2 reacts with cement and AAM hydrates 

reducing the pH, densifying the microstructure, and increasing shrinkage cracking (Dayal and 

Readson et al. [111]; Houst and Wittmann et al. [112]; Van Gerven et al.  [113]). Hence, for the 

long-term performance of waste forms, carbonation is an important factor to consider. Whereas 

carbonation by virtue of its transformation of portlandite to carbonates has been reported to reduce 

porosity thereby positively influencing the compressive strength of cement-based materials and 

sediments, it vitiates the strength of AAMs (Chen et al. [114]; Pandey et al. [115]). Moreover, 

carbonation-induced reduction of matrix pH is also quite critical because this could potentially 
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increase the solubility/leaching of radionuclides. Thus, it is imperative that for every waste form, 

the net implication of the competing carbonation consequences is clearly understood.  

Palacios et al. [116] investigated the impact of severe carbonation conditions on pastes made of 

Portland cement (OPC) and alkali-activated slag (AAS). It was reported that the carbonation 

mechanisms differed between the OPC and AAS systems. In Portland cement pastes, carbonate 

precipitation occurred due to the higher Ca content, which interacted with H2CO3 during 

carbonation in both portlandite and C–S–H gel. On the other hand, alkali-activated slag (AAS) 

pastes underwent direct carbonation in the C–S–H gel.  

Park et al. [117] investigated the carbonation-induced weathering effect on the Cs retention 

capacity of Portland cement paste. The results revealed that with an increased degree of 

carbonation, the extent of calcium removal from the hydration products also increased. The C-S-

H was converted into decalcified silica gel, and the AFt/AFm phases were transformed into 

alumina gel. As a result, these changes corresponded to a negatively charged surface of the 

carbonated cement hydrates and consequently significantly enhanced the Cs adsorption capacity. 

The previous studies by Walton et al. [118]; Shafique et al. [119] and Bar-Nes et al. [120] have 

shown that carbonation decreased the release of Sr from cement-based waste forms. In addition to 

the reduced leachability of Sr, Venhuis and Reardon et al. [121] also reported reduced release of 

Cs from carbonated cementitious wasteforms. 

In the study conducted by Tanasijević et al. [122], the influence of an accelerated carbonation 

process on both the leaching resistance and strength of alkali-activated blast furnace slag (AABFS) 

incorporated with 2% and 5% cesium (representing solidified simulated radioactive waste) was 

examined. The combination of accelerated carbonation and extended curing demonstrated a 
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positive effect on the efficiency of cesium immobilization in AABFS, as evidenced by an increase 

in the leachability index values from 7.8 to 9.0 (2 wt.% Cs) and from 7.0 to 8.5 (5 wt.% Cs). 

The above studies suggest that carbonation in the cementitious waste forms can decrease the 

release of Sr and Cs into the environment, indicating potential benefits for radioactive waste 

containment. 
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5.  Future trends, conclusions and recommendations 

5.1 Novel immobilization materials and techniques 

Among the novel techniques, spark plasma sintering (SPS) of powders, incorporating pressure, 

high temperature, and diffusion bonding, is employed for producing highly dense ceramics to 

immobilize radionuclides. Yarusova et al. [123] applied the high-temperature SPS technique to 

create dense aluminosilicate ceramic matrices with high sorption capacity and minimal Cs leaching 

propensity. In a related study, Shichalin et al. [124] also utilized the SPS technique to synthesize 

dense and strong SrTiO3 ceramics with a perovskite structure. Characterization studies revealed 

negligible Sr leaching from SrTiO3 ceramic monoliths [124]. Key features of the SPS technique 

include the potential for mixed ion-covalent bonding and the rapidity of the synthesis process. 

It is widely accepted that the chemical immobilization of hazardous elements is more reliable than 

their physical immobilization [125]. In contrast to conventional curing of Alkali-Activated 

Materials (AAMs) at temperatures of 60-80 °C, high-temperature synthesis of AAMs has proven 

effective in forming crystalline phases such as leucite, pollucite, and analcime. Tian et al. [126] 

recommended geopolymers with SiO2:Al2O3 ≤ 2 (molar ratios) to achieve a higher content of 

crystalline phases and improved Cs+ immobilization effects. Various studies on metakaolin-based 

geopolymers (MK-GP) have aimed to chemically immobilize Cs by forming Cs-bearing zeolitic 

phases. For instance, heat treatment of Cs-containing amorphous metakaolin-based geopolymers 

at 900–1400 °C produced pollucite (CsAlSi2O6) or mixtures of pollucite and a feldspathoid phase 

CsAlSiO4 [127,128]. However, these studies on pollucite crystallization in MK-GP systems 

involved complex steps like sintering at 1000–1200 °C, hot pressing (~750 °C), or hydrothermal 

treatments (>200 °C) [77]. Fu et al. (2020) [77] employed low-temperature (230 °C) hydrothermal 

synthesis of metakaolin-based AAM to produce Cs-immobilizing analcime and pollucite 
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crystalline phases. In a related study, Li et al. [129] demonstrated that high-temperature sintering 

at 1100 °C transformed metakaolin-based AAM-zeolite A to leucite, a crystalline phase highly 

favorable for immobilizing Cs and Sr.  

In regards to low temperature crystallization of radionuclides, Jain et al. [11,79,81,82] conducted 

studies demonstrating that curing fly ash-based geopolymers (FA-GP) at temperatures <90 °C led 

to pollucite formation with low activation energy (25kJ/mol), resulting in a stable Cs-based 

crystalline phase of the radionuclide with high immobilization efficacy. Recently, Haddad et al. 

[80] investigated a relatively low-temperature curing regime at 40 °C for 3 months in MK-GP 

(with 50 wt.% of Cs dose) and reported the formation of Cs-bearing zeolite F-type. However, Cs-

containing zeolitic phases were not detected for low Cs dosage (1 wt.%). Further, Wagh et al. [130] 

investigated ceramicrete, a chemically bonded phosphate ceramic with a struvite-K mineral 

structure synthesized under ambient conditions for immobilizing radioactive Cs. The findings 

revealed that Cs+ effectively partially replaced K+ in the K-struvite structure, resulting in the 

formation of (K, Cs)-struvite crystals. These crystals exhibited remarkably low leaching of Cs+, 

even under elevated temperatures. 

Radionuclide immobilization is a complex function of the composition and microstructure of the 

conditioning matrix. Therefore, to address the intricate challenge of immobilizing radionuclides 

effectively (especially Cs and Sr), it is essential to explore sophisticated, cost-effective techniques 

that prioritize matrix durability. Long-term leaching studies are crucial for evaluating sustained 

efficacy, and guiding the optimization of methods such as Spark Plasma Sintering (SPS) or low-

temperature curing. Further, interdisciplinary collaboration among material scientists, 

environmental engineers, civil engineers, and nuclear researchers is key to developing 

environmentally responsible approaches for secure radionuclide immobilization. 
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5.2 Conclusions and recommendations  

This review article explored various cementitious materials for the immobilization of cesium (Cs) 

and strontium (Sr) radionuclides, shedding light on the limitations of traditional Ordinary Portland 

Cement (OPC) matrices and the promising alternative materials. While OPC-based systems have 

demonstrated limitations in effectively immobilization of Cs and Sr due to their high solubility 

and diffusivity, unconventional materials like Sulphoaluminate cement (SAC) and Magnesium 

Potassium Phosphate (MPP) cement showed encouraging results for effective radionuclide 

immobilization. Moreover, Alkali-activated matrices (AAMs) have demonstrated significant 

potential in immobilizing Cs and Sr through electrostatic attraction and chemical bonding. 

Furthermore, the review article emphasized on the importance of various ageing processes and 

durability concerns, such as leaching temperature, freeze-thaw behavior and carbonation, which 

affects the microstructure of cement matrices and leaching rates of radionuclides. The need for 

comprehensive durability studies for long-term waste storage was discussed. In addition, 

discussions on innovative techniques such as spark plasma sintering (SPS) and low-temperature 

crystallization for enhancing radionuclide immobilization efficiency were incorporated in this 

article. A holistic integration of detailed research studies on these aforementioned ageing processes 

and emerging technologies will help in the development of an all-encompassing, sustainable 

nuclear waste management program.  

It is recommended to investigate the effects of other ions present in low/intermediate-level nuclear 

waste (LILW) on the leaching behavior of cesium (Cs) and strontium (Sr) within OPC and AAM 

matrices. Simulating site-specific nuclear waste conditions would provide valuable insights into 

potential interference with radionuclide immobilization and crystalline phase formation.  
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It is further recommended to extend beyond the current short-term testing standard (ANSI/ANS 

16.1) for radionuclide release from solidified LILW waste forms. Long-term leaching tests 

(>1 year) or accelerated tests under actual site conditions are recommended to better assess the 

performance of multi-barrier systems, such as concrete vaults, in long-term waste containment. 

Recognizing the potential changes in leaching rates and retention capacity of cementitious 

wasteforms over time, especially due to degradation processes and environmental factors, is 

deemed essential.  

Additionally, it is recommended to investigate the effects of high concentrations of radioactive Cs 

or Sr on various properties of cementitious matrices, including phase composition, microstructure, 

compressive strength, pore size distribution, and durability. Exploring the potential for 

immobilizing other hazardous cations or heavy metals in AAM systems, such as Th, Pb, Cd, Co, 

and Cr, is advised based on promising results observed for Cs and Sr immobilization. 

Durability considerations remain a focal point in the recommendations, with a suggestion for 

leaching studies under harsh conditions, including acidic, seawater, or sulfate-rich environments. 

These studies aim to evaluate the long-term stability of cementitious matrices in waste 

containment. Furthermore, it is recommended to investigate the impact of freeze-thaw cycles on 

these matrices, covering aspects such as microstructure, phase compositions, and immobilization 

behavior, to address potential deterioration issues, particularly in cold climates.  

In summary, the above recommendations collectively aim to enhance the effectiveness, reliability, 

and understanding of cementitious matrices in the intricate task of immobilizing radioactive waste, 

contributing to the long-term safety and durability of waste containment systems. 
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